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Abbreviation 

 

2,2′-BPF 2,2′-bisphenol F 

 

20-OHT 20-hydroxyecdysone 

 

2D Two-demensional structure 

 

3D Three-demensional structure 

 

4-OHT 4-hydroxytamoxifen 

A ANOVA Analysis of variance 

 

AR Androgen receptor 

B Bis-MP 4,4′-(1,3-dimethylbutylidene)diphenol 

 

BP C2 Bisphenol C2 

 

BPA Bisphenol A 

 

BPAF Bisphenol AF 

 

BPAP Bisphenol AP 

 

BPB Bisphenol B 

 

BPE Bisphenol E 

 

BPF Bisphenol F 

 

BPP Bisphenol P 

 

BPS Bisphenol S 

 

BPZ Bisphenol Z 

C CYP19A1b Cytochrome P450 19A1b 

 

CYP2K22 Cytochrome P450 2K22 

D DDE p,p′-DDE 
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DHT 5α-dihydrotestosterone 

 

DMSO Dimethyl sulfoxide 

E E2 17β-estradiol 

 

EC50 50% effective concentration 

 

EDC Endocrine disrupting chemical 

 

eef1a1l1 Elongation factor 1α1, like 1 

 

Emax Maximum fold change relative to the vehicle control 

 

ERs Estrogen receptors 

F FEN Fenitrothion 

 

FLU Flutamide 

H hAR Human AR 

 

hERs Human ERs 

 

hpf h postfertilization 

I IC50 50% inhibitory concentration 

L LBD Ligand binding domain 

 

LBP Ligand binding pocket 

 

LIN Linuron 

 

LOEC Lowest observed effect concentration 

 

Log Kow Logarithmic n-octanol/water partition coefficient 

M MOE Molecular Operating Environment Program 

P PP Potassium permanganate 

 

PXR Pregnane X-receptor 

Q qPCR Quantitative real-time PCR 

R RR-THC (R,R)-cis-Diethyl tetrahydro-2,8-chrysenediol 
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S SEM Standard error of the mean 

 

sult2st3 Sultfotransferase 2st3 

T TES 17α-methyltestosterone 

V VIN Vinclozolin 

Z zfAR Zebrafish AR 

 

zfERs Zebrafish ERs 
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General Introduction 

A significant and varied array of endocrine-disrupting chemicals (EDCs) has been released into 

the environment since World War II (Colborn et al., 1993). EDCs have the capacity to interfere with 

the normal functioning of the endocrine and reproductive systems by imitating or impeding the 

actions of endogenous hormones (Koninckx, 1999; Paulozzi, 1999; Swan et al., 2000; Waters et al., 

2001).  

For numerous years, researchers have recognized the potential harm posed by EDCs to aquatic 

species (Gilbertson et al., 1991). Notably, exposure to anti-androgens and estrogens has been linked 

to the feminization of wild fish (Gibson et al., 2005; Hill et al., 2010; Jobling et al., 2009). Given that 

anti-androgenic effects have been associated with reproductive toxicity (Hill et al., 2010; Martinović 

et al., 2008) and disruption of the endocrine system in fish (Ankley et al., 2005), it is crucial to identify 

environmental chemicals with anti-androgenic potential and to develop sensitive detection methods 

to assess anti-androgenic responses in fish.  

Researchers have employed in vitro reporter gene assay systems, where Chinese hamster ovary 

cells or other cells are transfected with human nuclear receptors, to demonstrate the anti-androgenic, 

estrogenic, and anti-estrogenic potencies of various environmental chemicals (Araki et al., 2005; 

Kojima et al., 2004; Orton et al., 2011; Roy et al., 2004; Vinggaard et al., 2008). However, the 

translation of experimental findings concerning the human androgen receptor (AR) to the fish AR is 

a subject of debate due to potential species-specific variations in sensitivity to anti-androgens. 

Several techniques have been developed to identify anti-androgenic effects in fish. The 

utilization of female three-spined stickleback (Gasterosteus aculeatus) as a model enables the 

measurement of Spiggin protein production, serving as an indicator for detecting anti-androgens 

(Jolly et al., 2009). Additionally, the papillary processes of juvenile Japanese medaka have been 
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employed as indicators to detect anti-androgenic activity (Nakamura et al., 2014). Furthermore, a 

spiggin-gfp medaka line has been created, incorporating the spiggin promoter from the three-spined 

stickleback and a fluorescent reporter gene, to facilitate the screening of (anti)androgens (Sébillot et 

al., 2014). It is important to note that these testing methods necessitate longer exposure durations 

(Jolly et al., 2009; Nakamura et al., 2014; Sébillot et al., 2014) and specific maintenance systems for 

the respective fish species (stickleback) and transgenic fish (spiggin-gfp medaka).  

Zebrafish (Danio rerio) are cost-effective and efficient animal models as compared to other 

model organisms. Thus, zebrafish have been broadly used for drug screening, gene function analysing, 

developmental toxicity measuring, and endocrine-disrupting study. The single functional androgen 

receptor (AR) has been identified in zebrafish and androgens bind to it with a high affinity (Hossain 

et al., 2008; Jørgensen et al., 2007). Unlike mammals, zebrafish have three subtypes of estrogen 

receptors (ERs), namely ERα, ERβ1, and ERβ2 (Menuet et al., 2002), each playing shared and 

subtype-specific roles in regulating target genes, including cytochrome P450 19A1b (CYP19A1b) 

(Mouriec et al., 2009).  

In recent years, molecular docking simulations have become an integral part of structure-based 

computational studies aiming to enhance our understanding of receptor-ligand interactions at the 

atomic level. Therefore, it is both possible and crucial to develop rapid and quantitative assessment 

methods for identifying anti-androgens in vivo and in silico using zebrafish. Additionally, this 

research applied the established anti-androgenic testing methods to exam various environmental 

contaminants, and measured their anti-estrogenic capabilities in vivo and in silico, as well as assessed 

their developmental toxicity. The brief diagram of this research project is shown in Fig. 1 and the 

chemical structures tested in vivo are shown in Fig. 2.  
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Fig. 1. Brief diagram of this project.  
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Fig. 2. Chemical structures tested in vivo in this research project. These structures were made 

from matplotlib and RDKit module in Python by Jae Seung Lee.  
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Objectives and chapter structures 

The present study consists of 2 chapters:  

 

Chapter I: This chapter aimed to establish zebrafish-based in vivo and in silico assay systems to 

evaluate the anti-androgenic potential of environmental chemicals. For in vivo, this chapter compared 

the inhibitory potency of test chemicals on androgen-induced sulfotransferase 2st3 (sult2st3) 

expression. For in silico, this chapter investigated the ligand binding affinities to zebrafish androgen 

receptor (zfAR). In order to explore the potential correlation between anti-androgenic potency and 

developmental toxicity, this chapter additionally examined various toxic endpoints commonly 

observed in developing zebrafish, including lethality, pericardial edema, blood flow reduction in 

trunk vessels, yolk-sac edema, and impaired swim bladder inflation. 

 

Chapter II: This chapter applied the established method to evaluate the anti-androgenic potentials 

of BPA and its analogs in zebrafish in vivo and in silico. Also, this chapter measured the anti-

estrogenic effects of BPA and its analogs by comparing the inhibitory effects on estrogen-induced 

cytochrome P450 19A1b (CYP19A1b) mRNA expression, as well as predicted the ligand binding 

affinity of these compounds to zebrafish estrogen receptor subtypes (zfERs) in silico. To better 

understand the involvement of ER signaling in developmental toxicity of BPA and its analogs, this 

chapter also conducted morphological assessments.  
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Chapter I.  Establishing efficient in vivo and in silico methods to 

assess the anti-androgenic potential of environmental 

contaminants   

1.1. Introduction  

Zebrafish possess a single functional androgen receptor (AR) to which androgens exhibit strong 

binding affinity (Hossain et al., 2008; Jørgensen et al., 2007). The amino acid sequence of the 

zebrafish AR (zfAR) shares a high degree of identity with ARs from fathead minnow (Pimephales 

promelas; 84%) and goldfish (Carassius auratus; 84%), but displays relatively lower identity with the 

human AR (39%) (Hossain et al., 2008; Jørgensen et al., 2007).  

The expression pattern of zfAR during development has been investigated. Hossain et al. (2008) 

observed that maternal zfAR transcripts are present in the embryos and persist until the 50% epiboly 

stage, but their levels significantly decline by the 5-somite stage (Hossain et al., 2008). Zygotic 

expression of zfAR can be detected as early as 24 h postfertilization (hpf), with expression levels 

increasing throughout development until the larval stage (at least 14 days postfertilization) (Hossain 

et al., 2008). In adult zebrafish, the AR is ubiquitously expressed in various tissues, including the 

gonads, brain, kidneys, liver, skin, muscles, and eyes (Hossain et al., 2008). Higher expression levels 

of AR are observed in the gonads and muscles of males compared to females (Hossain et al., 2008). 

Previous research utilizing zebrafish embryos has demonstrated that the gene sulfotransferase 

family 2, cytosolic sulfotransferase 3 (sult2st3) and cytochrome P450 2K22 (CYP2K22) are 

responsive to androgens (Fent et al., 2018; Fetter et al., 2015; Willi et al., 2020). It has been observed 

that sult2st3 exhibits a more stable response (lower within-group variation) compared to CYP2K22 

(Fetter et al., 2015). Based on these findings, we hypothesized that the anti-androgenic properties 
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could be assessed specifically by evaluating the androgen-induced expression level of sult2st3 and its 

inhibition through exposure to test substances. Studies evaluating the concentration–anti-androgenic 

response relationships of various environmental chemicals are limited, although the anti-androgenic 

responses to nilutamide (a model anti-androgen) and vinclozolin (VIN; a common dicarboximide 

fungicide) have been investigated in zebrafish (Fetter et al., 2015; Jarque et al., 2019).  

The objective of this chapter was to develop a rapid and efficient quantitative in vivo assay 

system for the identification of anti-androgens in fish. We achieved this by comparing the 

concentration-dependent inhibitory effects of chemicals on the androgen-induced expression of 

sult2st3 in developing zebrafish. Specifically, flutamide (FLU), p,p′-DDE (DDE), VIN, linuron (LIN), 

and fenitrothion (FEN) were used as model compounds due to their known anti-androgenic activities 

in various assay systems, including in vitro and in vivo (Araki et al., 2005; Kelce et al., 1994; Kojima 

et al., 2004; McIntyre et al., 2001; Orton et al., 2011; Roy et al., 2004; Sebire et al., 2009; Vinggaard 

et al., 2008; Xu et al., 2006). In this chapter, the anti-androgenic potentials of these model compounds 

were also assessed using an in silico docking simulation of ligand binding with the zfAR. Furthermore, 

to investigate the potential correlation between anti-androgenic potency and developmental toxicity, 

we examined lethality and other toxic endpoints commonly observed in developing zebrafish, 

including pericardial edema, blood flow reduction in trunk vessels, yolk-sac edema, and impaired 

swim bladder inflation.  

 

1.2. Materials and methods 

1.2.1. Chemicals  

Dimethyl sulfoxide (DMSO), DDE (CAS#72-55-9), VIN (CAS#50471-44-8), and FEN 

(CAS#122-14-5) were purchased from Wako Pure Chemical Industries (Osaka, Japan), whereas 17α-
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methyltestosterone (TES; CAS#58-18-4), FLU (CAS#13311-84-7), and LIN (CAS#330-55-2) were 

purchased from Sigma-Aldrich (St. Louis, MO, USA). Stock solutions of each compound were 

prepared in DMSO, with a concentration 1000-fold higher than the exposure concentration, and stored 

at −30°C. These stock solutions were used within a two-month period.  

 

1.2.2. Zebrafish maintenance and breeding  

Male and female zebrafish (Danio rerio, wild-type AB strain), which were maintained in a 

zebrafish system (REI-SEA, Iwaki, Tokyo), were paired in a ratio of 4:3 for mating. The water quality 

was maintained to the standards previously described by Kubota et al. (2019). Eggs were collected 

and placed in polystyrene Petri dishes (15 cm in diameter) containing E3 medium (5 mM NaCl, 0.17 

mM KCl, 0.33 mM CaCl2, 0.33 mM MgSO4, and 10−5% methylene blue), and embryos were reared 

for 24, 48, 72, or 96 h in an incubator at 28.5°C under a 14/10-h light/dark cycle. Every 24 h, deformed 

or dead embryos were removed and water was refreshed. All experimental procedures were approved 

by the Animal Care and Use Committee of the Obihiro University of Agriculture and Veterinary 

Medicine (notification nos.: 19–32, 20–23, and 21–33).  

 

1.2.3. Chemical exposures  

To analyse gene expression, we conducted a single exposure study to investigate the 

concentration–response relationships of sult2st3 mRNA expression in zebrafish at different 

developmental stages. Embryos at 24, 48, 72, and 96 hpf were exposed to either vehicle (0.1% DMSO, 

v/v) alone or various concentrations of TES (0.01, 0.1, 1, 10, and 100 nM) for 24 h. Subsequently, 

we conducted a coexposure study to assess the concentration-dependent effects of the test chemicals 

on TES-induced sult2st3 expression. Embryos at 72 hpf were exposed to 0.1% DMSO (vehicle 
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control) or fixed concentration of TES (1 nM) in the presence or absence of different concentrations 

of FLU (0.001, 0.01, 0.1, 1, or 10 μM) or pesticides (DDE and VIN: 0.01, 0.1, 1, 10, or 100 μM; LIN: 

0.1, 1, 10, or 100 μM; and FEN: 0.1, 1, 10, or 100 μM). We also assessed the effects of high 

concentrations of FLU or pesticides on TES-induced sult2st3 expression. Specifically, embryos were 

coexposed to a fixed concentration of FLU (10 μM) or pesticides (DDE: 100 μM; VIN: 10 μM; and 

LIN: 100 μM) and different concentrations of TES (10 or 100 nM). Exposure was performed by 

adding 8 μL of chemical solution to a polystyrene Petri dish (5.5 cm in diameter) in the opposite 

position of the embryos (n = 20) and tilting the Petri dish to add 8 mL of E3 medium to the solution 

before swirling gently to mix thoroughly. Each treatment group consisted of four replicates. The 

embryos were kept at 28.5°C until the exposure process was ended, after which they were rinsed three 

times with breeding water, collected into MagNA Lyser Green Beads (Roche, Basel, Switzerland), 

flash-frozen in liquid nitrogen, and stored at −80°C until further experiments were conducted.  

For morphological assessments, 10 embryos per Petri dish were exposed to vehicle or different 

concentrations of each chemical. The concentrations used were as follows: FLU (1, 3, 10, or 30 μM), 

DDE and FEN (1, 3, 10, 30, 100, or 300 μM), VIN (1, 3, 10, 30, or 100 μM), and LIN (3, 10, 30, 100, 

or 300 μM). The exposure was conducted from 72 to 96 hpf of embryos in 4 cm Petri dishes 

containing 4 mL of E3 medium, following a similar procedure for the gene expression analysis 

mentioned earlier. Four separate experiments were performed for each chemical, and each replicate 

included 10 embryos (n = 40).  

 

1.2.4. Gene expression measured by quantitative real-time PCR  

The isolation of total RNA was carried out using QIAzol Lysis Reagent (Qiagen, Maryland, 

USA) and a FastPrep24 Instrument ver.4 (MP Biomedicals, Santa Ana, CA). The purified RNA was 

obtained by following the instructions provided with the NucleoSpin kit (Macherey-Nagel, Düren, 
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Germany). The concentration and quality of the RNA were assessed using a NanoDrop ND-1000 

(NanoDrop Technologies, Wilmington, DE, USA). For cDNA synthesis, 1 µg total RNA was reverse-

transcribed using a Transcriptor First Strand cDNA Synthesis Kit (Roche, Mannheim, Germany). 

Quantitative real-time PCR (qPCR) was performed on a LightCycler 96 instrument (Roche) using the 

FastStart Essential DNA Green Master (Roche), as instructed by the manufacturer. A total volume of 

20 µL was used to prepare the qPCR mixture, which included 10 µL of 2× FastStart Essential DNA 

Green Master, 250 nM of each primer, and 1 µL of cDNA template. qPCR runs were performed in 

duplicate for each gene. The primers used for eukaryotic translation elongation factor 1α1, like 1 

(eef1a1l1; forward, 5′-CAACCCCAAGGCTCTCAAATC-3′; reverse, 5′-AGCGACCAAGAGGAG 

GGTAGGT-3′) (Goldstone et al., 2010) and sult2st3 (forward, 5′-GACCACATCAAAAGCTGG 

CGAAAC-3′; reverse, 5′-GTGCTGTTACTGACGACACGATCC-3′) (Fetter et al., 2015) were 

synthesized by Eurofins Genomics (Tokyo, Japan). The qPCR program commenced with an initial 

denaturation step at 95°C for 10 min; followed by 55 cycles of denaturation at 95°C for 10s, annealing 

at 60°C for 10 s, and primer extension at 72°C for 10 s; and followed by 1 cycle of 95°C for 10 s, 

65°C for 1 min, and 97°C for 1 s. After qPCR amplification, a melting curve analysis was conducted 

by maintaining the temperature at 95°C for 10 s, gradually decreasing to 65°C for 60 s, and then 

heating to 97°C for 1 s. To compare the relative expression levels of target genes in response to 

chemical exposure, the comparative threshold cycle method (2−ΔΔCt) proposed by Livak and 

Schmittgen (2001) was applied.  

 

1.2.5. In silico homology modeling and docking simulation 

In silico analyses were conducted using the Molecular Operating Environment (MOE) Program 

developed by the Chemical Computing Group in Montreal, Canada. The amino acid sequence of 

zfAR was obtained from GenBank (accession no.: NP_001076592.1). The ligand binding domain 



14 
 

(LBD) of zfAR was chosen as the target sequence. To construct a homology model of zfAR, the MOE 

homology program was utilized, employing the crystal structure of human AR bound with 

hydroxyflutamide (PDB code: 2AX6) from the Protein Data Bank (http://www.rcsb.org) as a 

reference. The Structure Preparation module in MOE was employed to adjust structural defects and 

atom clashes. The amino acid sequence of zfAR was aligned with the refined human AR, and using 

the "induced fit" option, 10,000 structures of zfAR were generated, allowing the ligand to fit into the 

template structure. The generated structures were then optimized using the AMBER10:EHT force 

field (Labute and Williams, 2015) with solvation effects embedded in MOE. The optimal model 

structure was obtained using the Born/volume integral model parameters (Labute, 2008), and 

hydrogen atoms were added to the model using Protonate 3D. 

The structures of the tested chemicals were obtained from the PubChem database in the form of 

an SDF file containing their two-dimensional (2D) structures. To create a chemical library with three-

dimensional (3D) structures, structural conversion from 2D to 3D and geometry optimization were 

performed using Rebuild3d with the MMFF94x force field (Halgren, 1996). The docking simulation 

was carried out using MOE-Dock, and the energy of the ligand–zfAR complex was refined using the 

AMBER10:EHT force field. Each docking simulation was scored based on the lowest S-score 

(kcal/mol). The docking simulation was also applied to other three compounds that are not classified 

to anti-androgens, including potassium permanganate (PP) as a possible negative control (OECD, 

2009), an anti-estrogenic compound 4-hydroxytamoxifen (4-OHT) (Löser et al., 1985), and a classical 

insect steroid hormone 20-hydroxyecdysone (20-OHE) (Wang et al., 2010). 

 

 1.2.6. Morphological assessments 

At 96 hpf, we performed morphological assessments using an SZX10 stereomicroscope 

manufactured by Olympus in Japan. To determine the severity of pericardial edema and reduction in 



15 
 

blood flow, we employed a scoring system ranging from 0 to 2 (0, no effect; 1, mild effect; and 2, 

severe effect), according to our previous study (Lee et al., 2020). Additionally, we used the scoring 

system to evaluate the severity of yolk-sac edema (0 for normal yolk-sac, 1 for mild yolk-sac edema, 

and 2 for severe yolk-sac edema), as well as the degree of impaired swim bladder inflation (0 for fully 

inflated swim bladder, 1 for slightly inflated swim bladder, and 2 for non-inflated swim bladder).  

 

1.2.7. Statistical analysis 

In the analysis of gene expression, data are presented as the mean ± standard error of the mean 

(SEM) derived from four independent biological replicates. To determine the TES concentration-

response relationship, we utilized a four-parameter logistic model, enabling the calculation of the 

50% effective concentration (EC50) and the maximum fold change relative to the vehicle control 

(Emax). Similarly, the concentration-response data concerning the inhibitory effects of the target 

substances on the TES-induced expression of sult2st3 were fitted into a four-parameter logistic curve 

to determine the 50% inhibitory concentration (IC50). The differences between each group at P < 0.05 

were determined using one-way analysis of variance (ANOVA) with a post-hoc Tukey–Kramer test, 

and the tests were conducted using GraphPad Prism 8.4.3 (San Diego, CA).  

For morphological evaluations, we presented the data as the mean percentage of each score of 

the observed endpoint in four separate experiments. Given the high reproducibility of morphological 

effects induced by each chemical across four separate experiments, statistical analysis was conducted 

using n = 40 embryos obtained from the amalgamation of the four separate experiments. Statistically 

significant differences in the numbers of affected (scored as “1,” “2,” and “dead”) and unaffected 

(scored as “0”) embryos between the DMSO (control) and exposure groups were evaluated using 

Fisher’s exact test for pairwise comparisons, and R version 4.0.4 (R Core Team, 2013) and various R 
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packages [tidyverse (Wickham et al., 2019) and RVAideMemoire (Herve, 2022)] were used to 

conduct the tests. All graphical representations were produced using GraphPad Prism.  

 

1.3. Results 

1.3.1. Stage-dependent effect of TES on sult2st3 mRNA expression 

Concentration–response relationships were examined to evaluate the effects of TES on sult2st3 

mRNA expression during various stages of zebrafish development after a 24 h of exposure. A 

concentration-dependent rise in sult2st3 expression was observed at 96 and 120 hpf, while no such 

increase was observed at 48 or 72 hpf (Fig. 3). The EC50 values for sult2st3 expression were 0.30 and 

0.29 nM at 96 and 120 hpf, respectively. As growth progressed, the maximum level of induction, 

represented as Emax, exhibited a slight increase, with 5.3- and 5.9-fold increases at 96 and 120 hpf, 

respectively. The fold change values reached a plateau in embryos collected at 96 hpf, prompting us 

to use 72–96 hpf as the exposure window for further evaluation of the anti-androgenic and 

morphological effects induced by FLU, DDE, VIN, LIN, and FEN.  

 

1.3.2. Effects of FLU and four pesticides on the 1-nM TES-induced expression 

of sult2st3 

FLU inhibited the 1-nM TES-induced expression of sult2st3 in a concentration-dependent 

manner (IC50: 5.7 μM; maximum inhibition: 92%; Fig. 4A). Of the pesticides, DDE had a 

concentration-dependent inhibitory effect on the 1-nM TES-induced expression of sult2st3 (IC50: 0.35 

μM; Fig. 4B). TES-induced expression of sult2st3 remained intact with exposure to the highest 

concentration of DDE (100 μM), at which point the inhibitory effect reached a plateau; thus, the 

maximum inhibitory effect achieved by DDE was 60%. Similarly, VIN and LIN inhibited the 1-nM 
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TES-induced expression of sult2st3 in a concentration-dependent manner (IC50 values: 3.9 and 52 

μM, respectively; Fig. 4C, D). The inhibition of sult2st3 induction by VIN almost reached the level 

of the vehicle control (i.e., 93% inhibition). FEN couldn’t get IC50 value for the inhibitory effect on 

the TES-induced expression of sult2st3 in four parameter logistic regression, but it caused ~73% 

inhibition of this expression at the highest concentration tested (100 μM; Fig. 4E). All IC50 values for 

anti-androgenic potentials are shown in Table 1. 

 

1.3.3. Effects of anti-androgens on the potentiation of high-concentration of 

TES-induced sult2st3 expression 

Compared with TES alone, FLU (10 μM) decreased the 10-nM TES-induced expression of 

sult2st3 significantly, whereas a lack of inhibition of sult2st3 expression was observed with TES 

exposure at 100 nM (Fig. 5A). In contrast, DDE (100 μM) potentiated the induction of sult2st3 by 

TES (10 or 100 nM) significantly (Fig. 5B). VIN (10 μM) also slightly enhanced the inducibility of 

sult2st3 mRNA expression relative to that produced by 100-nM TES alone (Fig. 5C). LIN (100 μM) 

slightly reduced 10-nM TES-induced sult2st3 expression but significantly potentiated 100-nM TES-

induced sult2st3 expression (Fig. 5D).  

 

1.3.4. Homology modelling and docking simulation  

The homology model for the LBD of zfAR closely resembled the X-ray crystal structure of 

human AR, with the root-mean-square distance found to be as low as 0.69 Å. The cavity volume of 

the zfAR ligand binding pocket (LBP) was calculated using Alpha Site Finder of MOE as 355.88 Å3. 

The interaction energies of the tested chemicals with the zfAR LBD in in silico docking simulations 

are shown in Table 2. The interaction energies were divided into two branches by setting the line as 
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−5.0 kcal/mol. TES, FLU and the four tested pesticides had interaction energies below this line, 

whereas the negative control PP, anti-estrogen 4-OHT, and insect steroid hormone 20-OHE had 

interaction energies above the line.  

The pure AR agonist TES interacted with zfAR LBD and hydrogen bonded with amino acids 

Arg702 and Asn655 (Table 2). The docking poses of FLU and the tested pesticides in the zfAR LBD 

are shown in Fig. 6. In the zfAR LBD, the nitro group of FLU is involved in two hydrogen bonds 

with Arg702 and one hydrogen bond with a backbone carbonyl group of Leu654. DDE, LIN, and 

FEN form a hydrogen bond with Arg702, whereas VIN forms a hydrogen bond between the 

oxazolidinedione ring oxygen and Gly658 (Table 2).  

The amino acid residues that ligands interaction with zfAR in the LBP are shown in Fig. 7. The 

residue numbers located within 4.5 Å against each ligand are 17 for FLU and LIN, 18 for DDE and 

FEN, and 19 for VIN. In this range (4.5 Å), FLU and the four tested pesticides are surrounded by 

similar types and nearly equal numbers of amino acid residues.  

 

1.3.5. Morphological effects of anti-androgenic chemicals  

The percent incidences of mortality, pericardial edema, yolk-sac edema, reduction in blood flow, 

and impaired swim bladder inflation caused by FLU, DDE, VIN, LIN, and FEN are shown in Fig. 8. 

The mortality of zebrafish embryos was significant in embryos exposed to 30 μM FLU, 300 μM LIN, 

and 100 μM FEN. LIN and FEN exposures at 100 μM caused significant increases in the percent 

incidences of pericardial edema, yolk-sac edema, and reduction in blood flow. Exposure to most of 

the tested chemicals resulted in impaired swim bladder inflation in a concentration-dependent manner 

among the surviving embryos. The lowest observed effect concentration (LOEC) values for 

developmental toxicity are shown in Table 1.  
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1.4. Discussion 

The present study showed that the sult2st3 gene expression is sensitive to the exposure of 

androgen TES in the late stages of zebrafish embryonic development (Fig. 3). However, the 

significant upregulation of sult2st3 by TES was reduced not only by FLU but also by four tested 

pesticides known to have anti-androgenic activities, DDE, VIN, LIN, and FEN (Fig. 4). These 

findings suggest that sult2st3 could serve as a biomarker for screening anti-androgenic compounds in 

zebrafish embryos.  

Our results concerning the response of sult2st3 expression to TES align with previous studies 

conducted on zebrafish embryos exposed to androgens, which reported induction of this gene at 96 

or 120 hpf (Fent et al., 2018; Fetter et al., 2015; Jarque et al., 2019). Additionally, alterations in 

sult2st3 expression at 120 hpf were observed in embryos exposed to 500 nM of 11-ketotestosterone 

for varying durations (1–96 h) (Fetter et al., 2015), wherein a significant increase and peak induction 

were observed at 8 and 96 h of exposure, respectively. These results indicate the influence of both the 

exposure window and duration on the impact of androgens on sult2st3 expression.  

In the present study, DDE exhibited an IC50 value 11- and 16-fold lower than VIN and FLU 

(Table 1), respectively, indicating that DDE possesses the highest anti-androgenic potency among the 

tested chemicals, surpassing even the positive control FLU. Conversely, an IC50 could not be 

determined for the anti-androgenic potency of FEN, largely due to lethality in embryos at 300 μM. 

Previous human AR reporter gene assays have demonstrated that FEN exhibits nearly equivalent 

potency to VIN and surpasses both DDE and LIN (Kojima et al., 2004; Orton et al., 2011; Vinggaard 

et al., 2008). Thus, the order of anti-androgenicity observed in zebrafish embryos for the tested 

chemicals (i.e., DDE > VIN > LIN > FEN) differs somewhat from the order reported in in vitro assays 

involving the human AR.  
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To comprehend the factors influencing the variations in the order of anti-androgenic potency 

among the tested chemicals in zebrafish embryos and the aforementioned studies, we first directed 

our attention toward the membrane permeability of the chemicals, as it could contribute to differences 

in their incorporation levels. The logarithmic n-octanol/water partition coefficient (log Kow) of 

organic compounds has been extensively documented due to its close association with the 

bioconcentration factor and toxicity (Amutova et al., 2021; Di Toro et al., 2007). Dishaw et al. (2014) 

demonstrated that the tissue concentration of organophosphate flame retardants increased in 1 dpf 

zebrafish embryos following a day of exposure at 1 μM, with a positive correlation to higher log Kow 

values (Dishaw et al., 2014). Another study revealed the anti-androgenicity of bisphenols had a 

positive correlation with the log Kow in the human AR reporter gene assay system in recombinant 

yeast (Conroy-Ben et al., 2018). According to data obtained from PubChem, the log Kow value of 

DDE (6.51) is significantly higher than those of VIN (3.10), FLU (3.35), LIN (3.20), and FEN (3.30). 

Correspondingly, DDE showed the strongest in vivo anti-androgenic potency in the present study, 

potentially reflecting (at least in part) its efficient incorporation into the embryos. However, 

considering the similarly log Kow values of FEN, FLU, LIN, and VIN, differences in their 

lipophilicity may not account for the differences in their IC50 values. 

Species-specific differences in the AR might also contribute to the different orders of anti-

androgenicity. Various studies have been reported that dihydrotestosterone, ketotestosterone, 

testosterone, and androstenedione exhibit varying binding affinities to the AR in different species, 

including zebrafish, three-spined sticklebacks, and humans (Hossain et al., 2008; Ikeuchi et al., 2001; 

Jørgensen et al., 2007; Olsson et al., 2005). For instance, several human anti-androgens fail to inhibit 

11-ketotestosterone-induced activation of stickleback AR (Lange et al., 2015). Furthermore, FEN 

shows much weaker anti-androgenic potency than FLU, VIN, and LIN in zebrafish and spiggin-gfp 
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medaka (Sébillot et al., 2014), while exhibiting the strongest anti-androgenic activity among these 

chemicals in three-spined sticklebacks (Jolly et al., 2009).  

DDE only achieved a 60% inhibitory effect on TES-induced sult2st3 expression even at the 

highest tested concentration (100 μM), which could be attributed to its specific features. Previous 

studies have indicated that DDE exhibits agonistic features with respect to the estrogen receptor (ER), 

pregnane X-receptor (PXR), and constitutive androstane receptor, while displaying antagonistic 

features towards the AR, progesterone receptor, and glucocorticoid receptor (Kretschmer and 

Baldwin, 2005; Li et al., 2008; Yang et al., 2010; Zhang et al., 2016). PXR has also been implicated 

in the regulation of sulfotransferase transcript expression in human hepatocytes and mice (Alnouti 

and Klaassen, 2008; Duanmu et al., 2002). In the present study, rather than suppressing the induction 

of sult2st3 caused by exposure to low-concentration of TES, DDE enhanced sult2st3 expression 

compared to that induced by exposure to a high-concentration of TES (Fig. 5), suggesting that DDE 

activated other nuclear receptors to enhance high-concentration TES-induced sult2st3 expression.  

LIN has been characterized as an anti-androgen both in vitro studies involving human, rat, and 

three-spined stickleback (Jolly et al., 2009; Lambright et al., 2000) and in vivo studies involving rat, 

three-spined stickleback, and Japanese medaka (Jolly et al., 2009; Lambright et al., 2000; Sébillot et 

al., 2014). In the present study, LIN exhibited a weak anti-androgenic potency towards the zfAR, 

consistent with findings reported for the human and rat ARs (Freyberger et al., 2010; Serçinoğlu et 

al., 2021). Furthermore, aside from its anti-androgenic potency, LIN has demonstrated anti-estrogenic 

activity in medaka (Spirhanzlova et al., 2017) and estrogenic activity in zebrafish embryos 

(Quintaneiro et al., 2017). A previous study revealed that 17β-estradiol upregulated sult2st3 mRNA 

expression during the late developmental stage of zebrafish embryos (Schmid et al., 2020). Hence, it 

is plausible that the ER may mediate the effects of LIN on high-concentration TES-induced 

expression of sult2st3 (Fig. 5).  
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We observed a consistent impact on the degree of swim bladder inflation resulting from exposure 

to FLU, DDE, VIN, LIN, and FEN exposure (Fig. 8). The LOECs for impaired swim bladder inflation 

were as follows: FLU (10 μM), VIN/FEN (30 μM), LIN (100 μM), and DDE (300 μM) (Table 1). 

Despite DDE exhibiting the highest anti-androgenic potency, it only showed significant effect on the 

occurrence of impaired swim bladder inflation at the highest tested concentration (300 μM). FEN, 

however, displayed equivalent effects on swim bladder inflation to VIN, despite its relatively low 

anti-androgenic potency. This suggests that anti-androgenic potency does not determine the 

occurrence of anti-androgen-induced impaired swim bladder inflation. During our assessment of 

other endpoints, we observed mortality in embryos exposed to high concentrations of FLU, LIN, and 

FEN, but not DDE or VIN (Fig. 8). Furthermore, both LIN and FEN caused various developmental 

toxicities, including pericardial edema, yolk-sac edema, and blood flow reduction (Fig. 8). Hence, it 

is unlikely that the developmental toxicities induced by these anti-androgens have a clear relationship 

with their anti-androgenic potency, as measured by their effects on sult2st3 expression levels. 

All of the chemicals examined in the present study have been detected in the aquatic environment. 

DDE was found in water samples collected from 10 points of the River Benue, Yola, Adamawa State, 

Nigeria in 2015, at concentrations as high as 590 μg/L (1.9 μM), possibly due to the continued use of 

DDT in the area after its ban in 2008 (Akan et al., 2015). A 2022 study also reported DDE 

contamination at 0.31 μg/L (0.00097 μM) in Gibe River water (Jemal et al., 2022). In the southern 

Dead Sea basin, VIN was detected  in groundwater at concentration ranging from 60–220 μg/L (0.21–

0.77 μM) and in surface water at concentration ranging from 128–390 μg/L (0.45–1.4 μM) (El-Shahat 

et al., 2003). The maximum concentration of VIN in the Bia and Tanoe Rivers of West Africa was 

reported as 9 μg/L (0.031 μM) (Siriki et al., 2021). In the same region, LIN was detected at a 

concentration of 0.3 μg/L (0.0012 μM) (Siriki et al., 2021). Several decades ago, LIN was detected 

in Canada surface water and groundwater at much higher levels of 1100 μg/L (4.4 μM) and 2800 
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μg/L (11 μM), respectively (Caux et al., 1998). FEN has been detected in river water samples from 

Tokyo and stream water samples from Kanagawa at levels as low as 0.083 μg/L (0.00030 μM) and 

0.16 μg/L (0.00058 μM), respectively (Kameya et al., 2012). However, the range of FEN 

concentrations in water samples collected from lakes adjacent to agricultural fields in Savar, 

Bangladesh, was reported as 5.83–33.41 μg/L (0.021–0.120 μM) (Hossain et al., 2015). Although the 

environmental levels reported in the literature are generally lower than the IC50 values associated with 

anti-androgenic effects observed in zebrafish after short-term exposures, it is challenging to conclude 

that the contamination of DDE, VIN, LIN, and FEN in aquatic environments poses no threat to aquatic 

animals in terms of endocrine disruption and reproductive impairment. Notably, in some African 

countries where DDT is still used as an indoor residual spray to prevent malaria, the concentration of 

DDE in the river waters might exceed the threshold for inducing anti-androgenic effects in fish. 

To assess the binding mode and potency of anti-androgenic compounds to the zfAR, we 

constructed an in silico homology model of the zfAR LBD and conducted a docking simulation (Table 

2, Fig. 6 and 7). The volume of the potential LBP in the zfAR LBD model (355.88 Å3) closely 

resembled the accessible pocket volume of human AR (341 Å3) reported by Poujol et al. (2000), 

suggesting conservation in the three-dimensional shapes of the zfAR LBP and human AR LBP. Our 

docking simulation revealed that the binding potencies of the anti-androgenic pesticides to the zfAR 

were strongly correlated with the number of hydrogen bonds formed with key amino acid residues in 

the zfAR and the specific types of amino acid residues involved in these bonds. FLU formed three 

hydrogen bonds through interactions with Arg702 and Leu654 of the zfAR LBD resulting the lowest 

interaction energy. DDE, LIN, and FEN formed hydrogen bonds with Arg702, whereas DDE and 

LIN formed hydrogen bonds with Arg702 through halogen (Aullón et al., 1998), potentially 

explaining their relatively weak binding potencies with the zfAR. In fact, Asn705, Gln711, Arg752 

(corresponding to Arg702 in zfAR), and Thr877 in the human AR have been reported to form 
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favorable hydrogen bonds with ligands (reviewed by Tan et al., 2015). Indeed, the endogenous ligand 

TES formed two hydrogen bonds with Asn655 and Arg702 in the zfAR LBD, exhibiting slightly 

higher interaction energy than the tested anti-androgenic ligands, suggesting that agonists or 

endogenous ligands may require specific binding to Asn655. Additionally, the Gly residue at position 

708 in the human AR, corresponding to Gly658 in zfAR, plays a role in specific recognition of 

androgen ligands (Terouanne et al., 2003). Hence, the polar and hydrophobic interactions mediated 

by these amino acid residues in the zfAR are crucial for binding and anti-androgenic activity.  

In general, FLU, DDE, VIN, LIN, and FEN, which demonstrated anti-androgenic potential in 

vivo, exhibited relatively lower interaction energies compared to the negative control PP, anti-

estrogen 4-OHT, and insect steroid hormone 20-OHE (Table 2). A consensus interaction mode, with 

at least a hydrogen bond being formed with Arg702, was observed in the zfAR LBD. Docking 

simulations based on their interaction energies indicated that LIN and FEN displayed weaker binding 

potencies to zfAR compared to FLU, which aligns well with our in vivo findings. DDE and LIN 

exhibited higher interaction energies than FEN and VIN in the docking simulations (Table 2), which 

is consistent with the results of an in vitro study conducted on human AR-transformed MDA-kb2 

cells, where FEN and VIN exhibited more potent anti-androgenic effects than DDE, and LIN showed 

the weakest anti-androgenic potency among the tested chemicals (Orton et al., 2011). The predicted 

rank order of ligand–AR binding potency from in silico analysis somewhat differs from the sult2st3 

induction potency estimated in zebrafish embryos. However, the in silico binding potency primarily 

relies on the ligand interaction with key amino acid residues, whereas the in vivo response can be 

influenced not only by the AR but also by other pathways, potentially including PXR and the ER (as 

mentioned above).  

 

1.5. Conclusion 
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We discovered that sult2st3 serve as an effective biomarker for both identifying environmental 

anti-androgens and assessing their anti-androgenic potency. This study provides novel zebrafish-

based in vivo and in silico methods that enable rapidly and straightforward evaluation of the anti-

androgenic potencies of various environmental chemicals. However, caution is necessary when 

relying solely on sult2st3 expression as a measure for evaluating anti-androgenic potencies since this 

gene is regulated by multiple nuclear receptor signaling pathways. Notably, in vivo assessments of 

anti-androgenic potency based on nominal concentrations may underestimate the inherent potencies 

of more hydrophilic compounds. Additionally, this study established a potential computing method 

for screening anti-androgenic pollutants in zebrafish and identified that Arg702 plays pivotal role in 

the binding of anti-androgenic pesticides with the zfAR LBP. Therefore, employing in silico analysis 

to identify the binding characteristics of ligands with the zfAR can provide insights into the anti-

androgenic potentials of untested compounds in zebrafish embryos.  
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Table 1. The IC50 values for the anti-androgenic potency and LOECs for the 

developmental toxicity of each chemical tested. 

Compound  
IC50 

(μM) 

LOEC (μM) 

Pericardial 

edema 

Yolk-

sac 

edema 

Blood 

flow 

reduction 

Swim 

bladder 

inflation 

Lethality 

FLU 5.7 NA NA NA 10 30 

DDE 0.35 NA NA NA 300 NA 

VIN 3.9 NA NA NA 30 NA 

LIN 52 100 100 100 30 300 

FEN NA 100 100 100 30 100 

NA: no data available     
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Table 2. Interaction energies and key amino acid residues 

of ligands binding with the zfAR LBD. 

Compound  S-score (kcal/mol) Hydrogen bonding 

TES -5.9 Arg702, Asn655 

FLU -7.41 Arg702, Leu654 

DDE -6.38 Arg702 

VIN -6.86 Gly658 

LIN -6.33 Arg702 

FEN -7.19 Arg702 

PP -3.31 — 

4-OHT -4.44 — 

20-OHE -1.77 — 
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Fig. 3. Concentration–response relationships for the effects of TES on sult2st3 mRNA 

expression in zebrafish at the different developmental stages. Data points represent mean fold change 

values relative to the DMSO control (n = 4) with the SEM. 
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Fig. 4. Effects of anti-androgens on 1-nM TES-induced sult2st3 mRNA expression at 96 hpf in 

zebrafish. Data represent mean percentages of 1-nM TES-induced expression of sult2st3 (n = 4) with 

SEM. 
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Fig. 5. Effects of anti-androgens on the potentiation of sult2st3 expression induced by higher 

concentration of TES in zebrafish embryos at 96 hpf. Data represent mean fold change values relative 

to the DMSO control (n = 4) with the SEM. NS denotes no significant difference. *** P < 0.001. 
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Fig. 6. Docking poses of FLU and the tested pesticides to the zfAR. The green dotted lines 

indicate the hydrogen bonds of the interaction between the hydroxyl group of each ligand and key 

amino acid residues. 
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Fig. 7. Binding modes of FLU and pesticides in zfAR LBP. The dashed lines with arrow indicate 

a hydrogen bond formed by FLU (A), DDE (B), VIN (C), LIN (D) or FEN (E) with polar residues 

(colored in light purple) or hydrophobic residues (colored in light green). 
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Fig. 8. Incidence of pericardial edema, yolk-sac edema, blood flow reduction and delayed 

inflation of swim bladder. The severity of each endpoint was scored between 0 and 2, (0, no effect; 

1, mild effect; and 2, severe effect). Affected embryos were represented as percentages of total 

number of embryos at the beginning of exposure based on four separate experiments. Statistically 

significant differences in the numbers of affected (scored as “1,” “2,” and “dead”) and unaffected 

(scored as “0”) embryos between the DMSO and exposure groups were evaluated using Fisher’s exact 

test for pairwise comparisons (* P < 0.05, *** P < 0.001, n = 40).  
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Chapter II. Evaluating anti-androgenic and anti-estrogenic 

potentials of BPA and its analogs and their developmental 

toxicity using zebrafish  

2.1. Introduction 

Bisphenol A (BPA) has been identified as an endocrine disruptor. It has been largely used in 

manufacture productions, including polycarbonate plastics, epoxy resins, and thermal paper (EFSA, 

2015). The exposure to BPA is extensive via food, consumer products, and environmental sources 

(EFSA, 2015). As it was reported that BPA broadly detected (>97%) from the gestational (median: 

2.0 μg/L) and childhood urine samples (median: 4.1 μg/L) collected from 244 mothers and their 3-

year-old children from the greater Cincinnati, Ohio (Braun et al., 2011). It also has been detected 

from canned food and biological fluid (Braun et al., 2011; Cao et al., 2015; Deceuninck et al., 2015; 

Ikezuki et al., 2002).  

Outcomes of BPA have been widely reported in vertebrates. Prenatal exposure to BPA affected 

offspring in aspect of mammary gland development (Muñoz-de-Toro et al., 2005), brain development 

(Wang et al., 2014), reproductive function (Wei et al., 2020), and behavior in rodents (Harris et al., 

2018; Kundakovic et al., 2013; Xu et al., 2010). BPA disrupted spermatogenesis through apoptosis 

of germ cells and Leydig cell in goldfish, and the disruption cannot be recovered after BPA treatment 

withdrawals (Wang et al., 2019). Similarly, in human, exposure to BPA has been associated to 

reproductive and developmental effects, metabolic disease and others (Rochester, 2013).  

The increasing concern over BPA leads to the increasing use of its analogs, as well-known 

bisphenol S (BPS) and bisphenol F (BPF). BPS and BPF have the similar potency (estrogenic, anti-

estrogenic, androgenic and anti-androgenic) in the same order of magnitude as BPA (Rochester and 
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Bolden, 2015). Other influences such as oxidative stress, immune responses, teratogenic effects, 

steroidogenic alterations, and reproductive toxicity of BPF and BPS toward aquatic organisms have 

been further identified in recent studies (Moreman et al., 2017; Park et al., 2018; Qiu et al., 2018). 

However, as the major substitute, BPF appears in a variety of environmental medium, such as indoor 

dust, sediment, and water (Liao et al., 2012c, 2012b; Yan et al., 2017). BPF has been detected from 

surface water samples at the range of 0.0068–2.8 μg/L (0.034-13.98 nM) (Jin and Zhu, 2016; Yan et 

al., 2017; Zhang et al., 2019). It also detected in sewage and sediments at concentrations ranging from 

0.022 to 0.123 μg/L (0.11-0.61 nM) and 1.2 to 7.3 μg/kg, respectively (Fromme et al., 2002). BPF is 

a significant contaminant in waters in several Southeast Asian countries (Jie et al., 2018; Yamazaki 

et al., 2015). The concentration of BPF is 1-2 orders of magnitude higher than that of BPA in water 

samples collected from river and sea of Japan, South Korea, and China, reaching 2850 ng/L (12.5 

nM) in the Tamagawa River in Japan (Yamazaki et al., 2015). BPS was detected in 81% of 315 human 

urine samples from different countries, including Japan, China, United States, Kuwait, Vietnam, 

Malaysia, India, and Korea, at concentrations ranging from 0.02-21 μg/L (0.080-83.9 nM) (Liao et 

al., 2012a). Therefore, the studies on other analogs of BPA are required.  

Research on BPA anti-androgenic activity has produced controversial data. A recent study 

showed BPA as an androgen receptor (AR) antagonist, preventing endogenous androgens from 

regulating androgen-dependent transcription and inhibiting Sertoli cell proliferation (Wang et al., 

2017). An in vitro study showed that BPA is able to block the AR-mediated gene expression 

competing with 5α-dihydrotestosterone (DHT) to bind AR, revealing a significant inhibitory effect 

on the DHT-induced transcriptional activity (Sun et al., 2006). Contrary, another in vitro study 

showed that, following treatment with BPA, the inhibition of AR is partial and it lacks of a dose-

response relationship, suggesting a non-competitive mechanism (Lee et al., 2003).  
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The endocrine disrupting effects of highly manufactured bisphenols (BPA, BPS, and BPF) are 

known, however the activities of most BPs are rarely understood. Zebrafish-based in vivo and in silico 

assessment methods have been established to exam the anti-androgenic potency for environmental 

pollutants in the Chapter Ⅰ and published in an international journal (Chen et al., 2023). The present 

chapter applied the established assays to determine the anti-androgenic potentials of BPA and its 

analogs at lower concentrations in early developmental zebrafish. As well, this chapter determined 

their anti-estrogenic potentials through measuring the estrogen responsive gene cytochrome P450 

2K22 (CYP191b) mRNA expression level, and their ligand-binding affinity of BPs to zebrafish 

estrogen receptor subtypes (ERs) using in silico docking simulation. To better understand the 

involvement of estrogen receptor (ER) signaling in developmental toxicity of BPA and its analogs, 

this chapter also conducted morphological assessments of cardiovascular toxicity, such as pericardial 

edema and blood flow reduction.  

 

2.2. Materials and methods 

2.2.1. Chemicals  

All chemicals were purchased from company, dimethyl sulfoxide (DMSO), 17α-

methyltestosterone (TES; CAS#58-18-4), 17β-estradiol (E2; CAS#50-28-2), fulvestrant (ICI; 

CAS#129453-61-8), BPA (CAS#80-05-7), BPF (CAS#620-92-8), bisphenol AF (BPAF; CAS#1478-

61-1), bisphenol C2 (BP C2; CAS#14868-03-2), bisphenol Z (BPZ; CAS#843-55-0), 2,2′-bisphenol 

F (2,2′-BPF; CAS#2467-02-9), bisphenol E (BPE; CAS#2081-08-5), bisphenol B (BPB; CAS#77-

40-7), BPS (CAS#80-09-1), and 4,4′-(1,3-dimethylbutylidene)diphenol (Bis-MP; CAS#6807-17-6). 

The detailed information was listed in Table 3. Compounds were dissolved in DMSO and stock 
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solutions were prepared as 1000 folds of exposure concentration. All stock solutions were stored at 

−30℃ and used out within two months.   

 

2.2.2. Zebrafish maintenance and breeding  

The zebrafish embryos were obtained through breeding of adult zebrafish (wild-type RIKEN 

strain). The maintenance and breeding conditions were kept the same as described in the 1.2.2 section 

of Chapter Ⅰ.  

 

2.2.3. Chemical treatments 

To investigate the sult2st3 expression during different developmental stages in RIKEN strain 

zebrafish, embryos were treated with TES (0.01-100 nM) alone at 48, 72, and 96 h postfertilization 

(hpf) for 24 hours.  

Then 96 hpf was chosen as the measuring endpoint, the same as Chapter Ⅰ. To analyze gene 

expression, embryos were exposed to 1-nM TES and 10-nM E2 alone or in combination with each of 

BPs, i.e., BPA, BPF, 2,2′-BPF, BPAF, BP C2, BPE, BPB, BPS, BPZ, and Bis-MP, with 

concentrations ranging from 0.001-100 μM. A vehicle control of 0.1% DMSO was also included. The 

exposure methods have been described in 1.2.3 section of Chapter Ⅰ. All chemicals were diluted 1000-

fold in E3 embryo medium to achieve the desired exposure concentrations, which were selected based 

on the previous evidence of efficacy. After 24 hours of incubation at 28.5°C, the samples were 

collected into MagNa Lyser Green Beads (Roche, Basel, Switzerland) for further analysis.  

To assess morphological changes induced by each BP, embryos were exposed to DMSO or serial 

concentrations of BPA, BPE, BPF, BPAF, BP C2, and Bis-MP at 72 hpf and assessed phenotypic 

changes at 96 hpf. Each group includes 3 separate treatments and each treatment contains 10 embryos. 
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To assess the involvement of ER antagonist ICI, embryos were co-exposed to ER antagonist ICI and 

each of BPs. Each group includes 5 separate treatments and each treatment contains 10 embryos.  

 

2.2.4. Gene expression measured by quantitative real-time PCR  

The procedure of total RNA isolation, cDNA syntheses, and quantitative real-time PCR (qPCR) 

were described in the 1.2.4 section of Chapter Ⅰ. In the present Chapter, sult2st3 and CYP19A1b were 

measured and eef1a1l1 was used as a housekeeping gene. The primer of CYP19A1b (forward, 5′-

ACTAAGCAAGTCCTCCGCTGTGTACC-3′; reverse, 5′-TTTAAACATACCGATGCATTGCAG 

ACC-3′) was cited from Mouriec et al. (2009). The relative expression level of target genes was 

normalized to eef1a1l1 as described in the 1.2.4 section.  

 

2.2.5. In silico homology modelling and docking simulation  

In silico analysis for anti-androgenic binding of ligands to zfAR was described in our previous 

study (Chen et al., 2023).  

For anti-estrogenic binding potential prediction, the homology models of zebrafish ER (zfERα, 

zfERβ1, and zfERβ2) LBDs were constructed using the molecular simulation software MOE. The 

docking simulations and interactive energies of ligands to LBDs of zfERs were analyzed.  

To construct a homology model, the amino acid sequence information for zebrafish ERs (zfERα, 

zfERβ1, and zfERβ2) was obtained from the National Center for Biotechnology Information 

(https://www.ncbi.nlm.nih.gov) with the following protein accession numbers: NP_694491 for zfERα, 

NP_777287 for zfERβ1, and NP_851297 for zfERβ2. The target sequences selected for modeling 

were the LBDs of these proteins. The homology models for the LBDs of zfERα, zfERβ1, and zfERβ2 

were constructed based on the crystal structures of human ERα (PDB code: 3UUC) and human ERβ 
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(PDB code: 1L2J) retrieved from the Protein Data Bank (http://www.rcsb.org). The crystal structure 

of 3UUC is bound with BP C2 and 1L2J is bound with (R,R)-5,11-cis-diethyl-5,6,11,12-

tetrahydrochrysene-2,8-diol (RR-THC). The MOE homology program (Delfosse et al., 2012; 

Möcklinghoff et al., 2010) was used for the construction of the models.  

During the construction process, water molecules from the crystal structures of human ERs 

(hERs) were excluded, and structural defects and atomic collisions were adjusted using the Structure 

Preparation module within MOE. The Protonate 3D module was used for hydrogenation, and the 

AMBER10: EHT force field was employed to minimize the energy and optimize the structure of the 

hERs. 

The optimized structures of human ERs were then utilized as templates for homology modeling 

of zfERs. The amino acid sequence of each zfER and its corresponding template structure were 

analyzed using the Protein Contacts program to identify conserved residue structures and gap 

positions. A total of 10,000 structures were generated for each zfER, incorporating 100 side chain 

samples for every 100 main chain models. The "induced fit" option was employed to adapt the ligand 

to the template structure during this process. The AMBER10:EHT force field and Born solvent-effect 

energy were utilized for structure prediction, while the generalized Born/volume integral (GB/VI) 

model parameters (Labute, 2008) were applied to generate the final model structures. The overall 

geometric and stereochemical quality of each model was assessed using Protein Geometry. To refine 

the zfER homology models, the phi (φ) and psi (ψ) twist angles of all amino acid residues and atomic 

collisions were confirmed by Ramachandran plots and adjusted through energy minimization. The 

resulting refined structures were considered as the final models for the docking simulation of 

endocrine disruptors. 

To perform the molecular docking simulation of ligands to zfERs, the MOE’s Induced Fit 

Docking feature within MOE software was employed. Before conducting the docking analysis, the 
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structure of the ligands, i.e., anti-estrogen (R,R)-cis-diethyl tetrahydro-2,8-chrysenediol (RR-THC), 

BPA, and its analogs, were constructed, and their geometry optimization was carried out using 

Rebuild3D with the AMBER10:EHT force field. These optimized structures were then compiled into 

a three-dementional (3D) structure database. In the docking simulation process, the ligand molecules 

were initially removed from the zfER LBD homology models. The MOE Site Finder module was 

utilized to identify the potential binding sites for each zfER LBD. For each prepared ligand, a total of 

50 checks were performed using the default systematic search parameters employing Triangle 

Matcher. Two recording functions were used to measure the binding interactions, namely the London 

dG for rescoring the placement and the GBVI/WSA dG for rescoring the refinement. The most stable 

binding modes between the ligands and each zfER LBD were determined based on the lowest S-score 

(kcal/mol), calculated by the Dock program. 

 

2.2.6 Morphological assessments  

The morphological assessments were conducted for embryos exposed to BPA, BPE, BPF, BP 

C2, BPAF, and Bis-MP alone or in combination with ICI at 96 hpf, concentrating on the level of 

pericardial edema and blood flow reduction. The scoring methods were described in the section 1.2.6.  

 

2.2.7 Statistical analysis  

The difference analysis between chemical exposure groups and DMSO control group were 

determined by One Way ANOVA with Dunnett test post-hoc. Other methods, such as concentration-

response of inhibition and morphological data analysis, were described in section 1.2.7.  

 

2.3. Results 
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2.3.1. Anti-androgenic potency of BPA and its analogs in vivo  

To confirm the expression profile of androgen responsive gene sult2st3, RIKEN embryos treated 

with TES (0.01-100 nM). Sult2st3 was concentration-dependently induced by TES at 72 hpf, 96 hpf 

and 120 hpf (Fig. 9). At 72 hpf, TES induced a mild expression with EC50 of 0.53 nM and Emax of 1.5. 

In contrast, TES dramatically upregulated sult2st3 expression level with EC50 of 0.37 nM and Emax of 

4.5 at 96 hpf and EC50 of 0.31 nM and Emax of 4.1 at 120 hpf. Therefore, we chose 72-96 hpf as the 

exposure window to evaluate the anti-androgenic potentials of BPA and its analogs.  

We analysed the mRNA expression level of sult2st3 for the embryos exposed to TES alone or 

in combination with BPs by qPCR (Fig. 10). BPA, BPAF, BPE, BPF, and BPB showed anti-

androgenic potentials in a concentration-dependent manner with the IC50 of 0.53, 3.7, 4.7, 12, and 87 

μM, respectively. BP C2, 2,2′-BPF, and Bis-MP also exhibited anti-androgenic effect on the higher 

concentrations tested, even though no IC50 could be calculated. However, BPZ or BPS showed weak 

or no anti-androgenic potential. IC50 value suggests the order of anti-androgenicity as BPAF > BPE 

> BPA> BPF > BPB.  

 

2.3.2. Anti-androgenic binding potentials of BPA and its analogs in silico 

As shown in Fig. 11, 12, and Table 4, the positive control hydroxyflutamide formed two 

hydrogen bonds with amino acid Asn655 and Arg702 in zfAR LBD. BPE, BPF, BPB, BP C2, and 

BPS formed hydrogen bonds with amino acid Asn655 and Gln661. Besides, BPS formed one more 

hydrogen bond with Met737 and BP C2 formed a halogen bond with Met692 (Cl). Similar to these 

BPs, BPAF formed a hydrogen bond with Gln661 and a CH-π bond with Met695; 2,2′-BPF formed 

a hydrogen bond with Gln661 and a CH-π bond with Leu654. Differently, BPA, Bis-MP, and BPZ 
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form a hydrogen bond with Met695, Met737, and Met737, respectively, and BPA formed a CH-π 

bond with Met692. 

Hydroxyflutamide has the lowest interaction energy of −8.22 kcal/mol among these ligands 

(Table 4). Among tested BPs, Bis-MP has the lowest interaction energy (−7.70), followed by BPE 

(−7.08), BPS (−7.05), BPB (−6.96), BPA (−6.92), BP C2 (−6.87), BPZ (−6.87), BPAF (−6.77), BPF 

(−6.47), and 2,2′-BPF (−6.35), indicating that Bis-MP has the strongest binding affinity to zfAR, 

followed by others in the order of interaction energy values from lower to higher.  

 

2.3.3. Anti-estrogenic potentials of BPA and its analogs in vivo  

As shown in Fig. 13, BP C2 reduced the E2-induced CYP19A1b expression in a concentration 

dependent manner. However, BPAF, BPA, BPF, BPB, and Bis-MP showed anti-estrogenic potentials 

with concentration-independent manner. For more details, BPAF significantly showed a repression 

effect on E2-induced CYP19A1b expression at 0.1 and 10 μM. BPA and BPF reduced the CYP19A1b 

induction at the highest concentration tested, 30 and 100 μM, respectively. BPB reduced the induction 

of CYP19A1b by E2 at 1 and 30 μM. Bis-MP significantly repressed E2-induced CYP19A1b 

expression at most of the tested concentrations. BPE and 2,2′-BPF showed no significant effects on 

E2-induced CYP19A1b expression. In contrast, BPZ and BPS potentiated the E2-induced CYP19A1b 

expression.  

 

2.3.4. Anti-estrogenic binding potentials of BPA and its analogs in silico 

In zfERα LBD (Fig. 14, 15, Table 5), RR-THC formed three hydrogen bonds with Met317, 

Glu321, and Arg362 on one side of phenyl rings and formed two CH-π bonds with Leu352 and 

Phe372. BPA, BPF, BP C2, and BPS formed two hydrogen bonds with Glu321 and Thr315 on both 
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sides of phenyl rings, respectively. Similarly, BPB and Bis-MP formed a hydrogen bond with Thr315 

on one side and formed a hydrogen bond with Leu355 in another side. These BPs also formed a CH-

π bond with Leu355 or Phe372. BPAF, BPE, and BPZ formed a hydrogen bond with Glu324 in one 

side. In addition, BPAF formed two CH-π bonds with Leu355 and Phe372 and BPE formed one CH-

π bond with Phe372. The interaction energy order is RR-THC (−8.14) < Bis-MP (−7.73) < BPZ 

(−7.30) < BPB (−7.17) < BP C2 (−7.08) < BPAF (−6.92) < BPA (−6.90) < BPS (−6.86) < BPE 

(−6.66) < BPF (−6.33) < 2,2′-BPF (−5.93).  

With the exception of 2,2′-BPF, one side of phenyl rings of RR-THC and all BPs formed a 

hydrogen bond with Glu338 in zfERβ1 LBD (Fig. 16, 17, Table 6). BPE, BP C2, and BPS formed a 

hydrogen bond with Met328 on another side of phenyl rings. RR-THC and BPB also formed a CH-π 

bond with Phe389, but BPS formed a CH-π bond with Leu372. The interaction energy order is RR-

THC (−9.53) < Bis-MP (−8.12) = BPZ (−8.12) < BPB (−7.31) < BPAF (−7.30) < BP C2 (−7.06) < 

BPA (−6.96) < BPS (−6.78) < BPE (−6.75) < BPF (−6.57) < 2,2′-BPF (−6.35).  

In zfERβ2 LBD (Fig. 18, 19, Table 7), RR-THC and most of BPs (except for BPB and 2,2′-BPF) 

formed a hydrogen bond with Glu323 on one side of phenyl rings. On another side of phenyl rings, 

BPB, BP C2, Bis-MP, BPZ, and BPS formed a hydrogen bond with Gly491. Besides, RR-THC 

formed two CH-π bonds with Leu357 and Phe374; BPE and BPB form a CH-π bond with Phe374; 

BPAF, 2,2′-BPF, and Bis-MP form a CH-π bond with Leu354, 357, and 316, respectively; BPA 

formed a CH-π bond with Ala320. The interaction energy order is RR-THC (−9.84) < Bis-MP (−8.33) 

< BPZ (−7.99) < BPAF (−7.72) < BPB (−7.63) < BP C2 (−7.31) < BPA (−7.14) < BPS (−6.93) < 

BPE (−6.81) < BPF (−6.33) < 2,2′-BPF (−6.30).  

We further analysed the relationships of S-score obtained from in silico docking simulation 

between each of zfER subtypes, as well as relationships between S-score and the logarithmic n-

octanol/water partition coefficient (log Kow) values (octanol-water partition coefficient) of ligands 
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(Fig. 20, 21). The S-scores between each of zfER subtypes showed significant positive correlation, 

implying the similar binding affinity of ligands to different ER subtypes. However, the S-scores and 

log Kow values showed significant negative correlations, suggesting that the more lipophilic the 

chemical is, the stronger binding affinity the chemical has. 

 

2.3.5. Cardiovascular toxicity induced by BPA and its analogs  

BPA, BPE, and BPF caused significant incidences of pericardial edema and blood flow reduction 

in zebrafish embryos at concentrations of 30 μM or 100 μM. However, BP C2, Bis-MP, and BPAF 

caused significant cardiovascular toxicity at lower concentrations (10 μM or lower) than BPA, BPE, 

and BPF (Fig. 22).  

 

2.3.6. ICI effects on BPA and its analogs induced cardiovascular toxicity  

As shown in Fig. 23, co-exposure with ER antagonist ICI could not reduce the incidences of 

pericardial edema and blood flow reduction induced by BPA, BPE, and BPF. Conversely, ICI 

worsens both pericardial edema and blood flow reduction caused by BPA. However, ICI reduced 

these malformations induced by BP C2, Bis-MP, and BPAF in a concentration-dependent manner, 

and almost reached 100% reduction at 80 μM. 

 

2.4. Discussion 

In the present study, all tested BPs showed anti-androgenic effects except for BPZ and BPS (Fig. 

10), meanwhile BPAF, BPA, BPF, BPB, BP C2, and Bis-MP displayed anti-estrogenic effects in 

zebrafish embryos (Fig. 13). All BPs showed binding affinity and at least formed one hydrogen bond 

with amino acid residue in zfAR LBD (Fig. 11, 12, and Table 4). The similar results happen in zfER 
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subtypes, but 2,2′-BPF didn’t form any bonds in zfERβ1 and only formed a CH-π bond in zfERβ2. 

Furthermore, some BPs, such as BP C2, Bis-MP, and BPAF, showed stronger cardiovascular toxicity 

than BPA, BPE, and BPF (Fig. 14-19, Table 5-7).  

A numerous in vitro study reported the anti-androgenic activity potency of BPA and its analogs. 

About two decades ago, the anti-androgenic activity of BPA has been certified by inhibiting the 

androgenic activity of 5α-dihydrotestosterone with IC50 of 0.75 μM in an hAR reporter assay using 

African monkey kidney cell line CV-1 (Xu et al., 2005). An hAR reporter assay in PC-3-androgen 

receptor-luciferase-MMTV cells reported that BPA and BPF acted as full antagonists of hAR, and 

BPS showed no anti-androgenic activity (Molina-Molina et al., 2013). Meanwhile, BPA and BPS 

acted as weak hAR agonists (Molina-Molina et al., 2013). The androgenic activity of the androgen 

dihydrotestosterone was inhibited by BPAF, BPB, BPA, BPF, and BPS with IC50 of 1.3, 1.7, 4.3, 12, 

and 17 μM, respectively, in NIH3T3 cell transfected with the AR reporter gene (Kitamura et al., 2005). 

This indicates that the order of anti-androgenic activity among these BPs is BPAF > BPB > BPA > 

BPF > BPS. BPs also showed anti-androgenic activity in a yeast system with IC50 at the micromolar 

level following BP C2 > BPE > BPB > BPA > BPF (Conroy-Ben et al., 2018). Still, BPS and BPZ 

showed weak or no anti-androgenic activity, and BP C2 exhibited a slight androgenic activity 

(Conroy-Ben et al., 2018). In CHO-K1 cells transfected with a hAR assay, the antagonistic activities 

of BPA and its eight analogs were analyzed, revealing the following order of BPE > BPB > BPA > 

BPF > BPZ > bisphenol P (BPP) > bisphenol AP (BPAP) >> BPAF > BPS (weak or no activity) 

(Kojima et al., 2019). In another hAR yeast system, BPA and its analogs showed anti-androgenic 

activity in this order: BP C2 > BPAF > BPE = 2,2′-BPF > BPF = BPB > BPA > BPZ >> BPS (no 

activity) (van Leeuwen et al., 2019). Similarly, in another gene reporter cell line HELN-AR, BP C2 

showed strongest anti-androgenic activity, followed by BPAF, BPA, BPB, BPE, BPF, and BPS (weak 

or no activity) (Delfosse et al., 2012). Generally, the anti-androgenic activities of BPA and above-
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mentioned analogs (i.e., BP C2, BPAF, BPE, 2,2′-BPF, BPB, and BPF) showed anti-androgenic 

activity in different assay systems, but the potency order is different among systems. The biggest 

difference from the present study is the anti-androgenic potency of BP C2. In zebrafish, BP C2 

showed anti-androgenic potential at the concentrations of 0.01, 1, and 10 μM, while it didn’t show 

repression effects on TES-induced sult2st3 expression at 0.001 and 0.1 μM (Fig. 13). Therefore, the 

IC50 value of BP C2 could not be determined to cause its weaker anti-androgenic potency than BPAF, 

BPE, BPA, BPF, and BPB. It is complex to compare the anti-androgenic potency of BPA and its 

analogs among different systems due to variations in experimental conditions and endpoints measured. 

In a previous in silico study, BPBP showed the strongest binding affinity to hAR, followed by 

BPZ, BP C2, BPB, BPA, BPE, BPS, and BPF (Conroy-Ben et al., 2018). And their binding modes 

were similar to the AR agonist testosterone and the antagonist hydroxyflutamide, showing one phenyl 

ring of them always hydrogen-bonds with Thr877 and Asn705, while the other side bond with variable 

amino acids, such as Gln711, Cys784, and Ser778 (Conroy-Ben et al., 2018). In the present study, 

the binding affinity order of these BPs showed as BPE > BPS > BPB > BPA > BP C2 = BPZ > BPF 

(Table 4), which is different from the binding affinity for hAR. Hydroxyflutamide was hydrogen-

bonded to Asn655 of zfAR in one side and hydrogen-bonded to Arg702 in another side (Fig. 11, 12, 

and Table 4). Similar to hydroxyflutamide, BPE, BPF, BPB, BP C2, and BPS, hydrogen-bonded to 

Asn655 in one side of phenyl rings, which means they showed anti-androgenic binding affinity as 

hydroxyflutamide. However, in another side of phenyl rings, these five bisphenols, BPAF, and 2,2′-

BPF were hydrogen-bonded to Gln661, and BPA, Bis-MP, and BPZ were hydrogen-bonded to 

methionine residue at different position of zfAR LBD. Therefore, most BPA analogs tested in the 

present study were interacted to the same amino acid residue asparagine with zfAR at site 655. 

Additionally, Gln661, Met737, and Met695 may also be important for bisphenols to act as antagonists 

of zfAR. 
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Anti-estrogenic potentials of BPA and its analogs also have been discussed in vitro studies. In 

the MCF-7 reporter assay, the anti-estrogenic activities of BPA and nineteen related compounds were 

analyzed, where except TMBPA and TBBPA, all other compounds (e.g., BPAF, BPA, BPF, BPB, 

and BPS) showed no significant anti-estrogenic activity (Kitamura et al., 2005). In the CHO-K1 cell 

line, the anti-estrogenic activities to hERα and hERβ of nine bisphenols were analyzed, where BPAF 

and BPP showed antagonist activity with RIC20 of 5.4 μM and 1.1 μM for hERα and 8.0 μM and 0.93 

μM for hERβ, respectively. In contrast, others, including BPE, BPA, BPF, BPB, BPZ, and BPS, 

showed no antagonist activity to both ERα and ERβ (Kojima et al., 2019). In an hERα yeast system, 

BPAF, BPE, BPA, BPF, BPB, BP C2, BPZ, and BPS showed negative anti-estrogenic activity and 

2,2′-BPF showed a weak anti-estrogenic activity (van Leeuwen et al., 2019). However, in the present 

study, BPE, 2,2′-BPF, BPZ, and BPS could not inhibit E2-induced CYP19A1b expression, but BPAF, 

BPA, BPF, BPB, BP C2, and Bis-MP showed anti-estrogenic activity (Fig. 13). 

 According to Delfosse et al., bisphenols interact with hERα LBD via two binding modes, i.e., 

BPA-like agonist mode and BP C2-like antagonist mode (Delfosse et al., 2012). In their study, agonist 

mode BPA, like E2, hydrogen-bonded to amino acid residue Arg394 and Glu353 in one side and to 

His524 in another side, while antagonist mode BP C2 hydrogen-bonded to Thr347 in another side 

(Fig. 14, 15). Similarly, the agonist ligand binding affinities of BPA, BPAF, BPB, and BP C2 have 

been predicted in medaka (Oryzia latipes) and common carp (Cyprinus carpio) (Yamaguchi et al., 

2015). In their study, BP C2 showed the most potent binding affinity, followed by BPAF and BPA 

for both medaka ERα and carp ERα, while the binding modes were different among the two species. 

That is, BP C2, BPAF, and BPA hydrogen-bonded to 2, 3, and 2 amino acid residues of medaka ERα, 

respectively, and to 1, 2, and 2 residues of carp ERα, respectively, but one phenyl ring of these 

compounds was bonded with Glu365 in ERα of both medaka and carp. In the present study, the 

antagonist modes of most bisphenols were hydrogen-bonded to Glu321 in zfERα and hydrogen-
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bonded to Glu338 in zfERβ1 in one side of phenyl rings, which is similar to the agonist modes showed 

in our previous study (Kubota et al., 2023). However, in another side of phenyl rings, the agonist 

modes and antagonist modes were hydrogen-bonded to different residues. Hence, the ligand binding 

modes of BPA and its analogs exhibited variations in their agonistic and antagonistic properties across 

different ER subtypes and species. 

However, it is worth noting that antagonist modes of bisphenols hydrogen-bonded one or two 

residues are all different with their agonist mode in zfERβ2 (Kubota et al., 2023). This implies that 

the binding mode of ligands to zfERβ2 may be used to distinguish estrogenic or anti-estrogenic 

potentials of ligands.  

BPAF has been reported to have stronger developmental toxicity (e.g., decreased heart rate, 

cardiac edema, and spinal curve) and estrogenic potency in developing zebrafish than BPA, BPF, and 

BPS (Moreman et al., 2017; Mu et al., 2018). In addition to BPAF, the present study indicated that 

BP C2 and Bis-MP also showed stronger cardiovascular toxicity than BPA. Especially, BP C2 

showed stronger toxicity than Bis-MP and BPAF. The co-exposure studies suggested that 

mechanisms of BPs-induced cardiovascular toxicity appear to differ among BPs. ER is unlikely to 

mediate cardiovascular toxicity caused by BPA, BPE, or BPF. However, further studies are needed 

to confirm the involvement of ER in BP C2-, Bis-MP-, and BPAF-induced cardiovascular toxicity.  

 

2.5. Conclusion 

BPA and all tested analogs showed anti-androgenic effects, with the exception of BPZ and BPS. 

On the other hand, BPAF, BPA, BPF, BPB, BP C2, and Bis-MP also exhibited anti-estrogenic effect. 

Amino acid residues Asn655, Gln661, Met695, and Met737 are potentially significant in determining 

the binding affinities of BPA and its analogs to zfAR. The binding modes of BPs are different between 

agonistic and antagonistic properties in all ER subtypes. Particularly, ERβ2 shows promise as a 
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potential marker for distinguishing agonists or antagonists. Agonistic modes of BPs are hydrogen-

bonding with His494, whereas their antagonistic modes are hydrogen-bonding with Glu323 and 

Gly491. Moreover, BP C2, Bis-MP, and BPAF have stronger cardiovascular toxicity than BPA, BPE, 

and BPF. The cardiovascular toxicity induced by BPA, BPE, and BPF may not be mediated by ER 

signaling, but further studies are needed to confirm the (non)involvement of ER in developmental 

toxicity. 



50 
 

Table 3. List of chemicals used for in vivo exposure study and their predicted hydrophobicity. 

Name of chemical Log Kow CAS# Manufacturer Purity 

ICI 9.09 129453-61-8 Sigma-Aldrich 98 

E2 4.01 50-28-2 Sigma-Aldrich 97 

BPAF 4.47 1478-61-1 Wako Pure Chemical Industries 98 

BPE 3.19 2081-08-5 Wako Pure Chemical Industries 98 

BPA 3.32 80-05-7 Wako Pure Chemical Industries 99 

BPF 2.91 620-92-8 Kanto Chemical 99 

BPB 4.13 77-40-7 Tokyo Chemical Industry 98 

BP C2 5.00 14868-03-2 Tokyo Chemical Industry 98 

2,2'-BPF 3.06 2467-02-9 Sigma-Aldrich 98 

Bis-MP 4.70 6807-17-6 Tokyo Chemical Industry 98 

BPZ 5.48 843-55-0 Wako Pure Chemical Industries 98 

BPS 1.65 80-09-1 Wako Pure Chemical Industries 98 
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Table 4. Interaction energies and key amino acid residues of ligands binding with 

the zfAR LBD. 

Compound  S-score (kcal/mol) Hydrogen bonding CH-π 

Hydroxyflutamide −8.22  Asn655, Arg702 — 

BPAF −6.77  Gln661 Met695 

BPE −7.08  Asn655, Gln661 — 

BPA −6.92  Met695 Met692 

BPF −6.47  Asn655, Gln661 — 

BPB −6.96  Asn655, Gln661 — 

BP C2 −6.87  Asn655, Gln661, Met692 — 

2,2'-BPF −6.35  Gln661 Leu654 

Bis-MP −7.70  Met737 — 

BPZ −6.87  Met737 — 

BPS −7.05  Asn655, Gln661, Met737 — 
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Table 5. Interaction energies and key amino acid residues of ligands binding with 

the zfERα LBD. 

Compound  S-score (kcal/mol) Hydrogen bonding CH-π 

RR-THC −8.41  
Met317, Glu321, 

Arg362 Leu352, Phe372 

BPAF −6.92  Glu321 Leu355, Phe372 

BPE −6.66  Glu321 Phe372 

BPA −6.90  Thr315, Glu321 Leu355 

BPF −6.33  Thr315, Glu321 Phe372 

BPB −7.17  Thr315, Leu355 Phe372 

BP C2 −7.08  Thr315, Glu321 Phe372 

2,2'-BPF −5.93  — Met356 

Bis-MP −7.73  Thr315, Leu355 — 

BPZ −7.30  Glu321 — 

BPS −6.86  Thr315, Glu321 Phe372 
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Table 6. Interaction energies and key amino acid residues of ligands 

binding with the zfERβ1 LBD. 

Compound  S-score (kcal/mol) Hydrogen bonding CH-π 

RR-THC −9.53  Glu338 Phe389 

BPAF −7.30  Glu338 — 

BPE −6.75  Glu338, Met328 — 

BPA −6.96  Glu338 — 

BPF −6.57  Glu338 — 

BPB −7.31  Glu338 Phe389 

BP C2 −7.06  Glu338, Met328 — 

2,2'-BPF −6.35  — — 

Bis-MP −8.12  Glu338 — 

BPZ −8.12  Glu338 — 

BPS −6.78  Glu338, Met328 Leu372 
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Table 7. Interaction energies and key amino acid residues of ligands 

binding with the zfERβ2 LBD. 

Compound  S-score (kcal/mol) Hydrogen bonding CH-π 

RR-THC −9.84  Glu323 

Leu357, 

Phe374 

BPAF −7.72  Glu323 Leu354 

BPE −6.81  Glu323 Phe374 

BPA −7.14  Glu323 Ala320 

BPF −6.33  Glu323 — 

BPB −7.63  Gly491 Phe374 

BP C2 −7.31  Glu323, Gly491  

2,2'-BPF −6.30  — Leu357 

Bis-MP −8.33  Glu323, Gly491 Leu316 

BPZ −7.99  Glu323, Gly491 — 

BPS −6.93  Glu323, Gly491 — 
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Fig. 9. Concentration-response relationships for the effects of TES on sult2st3 mRNA expression 

in RIKEN zebrafish at the different developmental stages. Data points represent mean fold change 

values relative to the DMSO control with the SEM (n = 4).  
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Fig. 10. Effects of BPA and its analogs on TES-induced sult2st3 mRNA expression in zebrafish 

at 96 hpf. Data represent mean percentages of 1-nM TES-induced expression of sult2st3 with SEM 

(n = 4). 
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Fig. 11. Ligand interaction of hydroxyflutamide and tested bisphenols zfAR LBD. The dashed 

lines indicate specific interactions (hydrogen bonds or CH-π bonds) between the ligand and amino 

acid residues of zfAR LBD.  
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Fig. 12. Binding modes of hydroxyflutamide and tested bisphenols to the zfAR. The blue dotted 

line represents the hydrogen bonds, while the green dotted line represents the CH-π bonds. These 

lines indicate the specific interactions between the ligand and amino acid residues of zfAR LBD.  

 

  



59 
 

 

Fig. 13. Effects of BPA and its analogs on E2-induced CYP19A1b expression in zebrafish at 96 

hpf. Data represent mean fold change values relative to the DMSO control (not show in the graphs) 

with the SEM (n = 4). * P < 0.05, ** P < 0.01, *** P < 0.001.  
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Fig. 14. Ligand interaction of hydroxyflutamide and tested bisphenols zfERα LBD. The dashed 

lines indicate specific interactions (hydrogen bonds or CH-π bonds) between the ligand and amino 

acid residues of zfERα LBD.  
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Fig. 15. Binding modes of RR-THC and tested bisphenols to the zfERα. The blue dotted line 

represents the hydrogen bonds, while the green dotted line represents the CH-π bonds. These lines 

indicate the specific interactions between the ligand and amino acid residues of zfERα LBD.  
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Fig. 16. Ligand interaction of hydroxyflutamide and tested bisphenols zfERβ1 LBD. The dashed 

lines indicate specific interactions (hydrogen bonds or CH-π bonds) between the ligand and amino 

acid residues of zfERβ1 LBD.  
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Fig. 17. Binding modes of RR-THC and tested bisphenols to the zfERβ1. The blue dotted line 

represents the hydrogen bonds, while the green dotted line represents the CH-π bonds. These lines 

indicate the specific interactions between the ligand and amino acid residues of zfERβ1 LBD. 
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Fig. 18. Ligand interaction of hydroxyflutamide and tested bisphenols zfERβ2 LBD. The dashed 

lines indicate specific interactions (hydrogen bonds or CH-π bonds) between the ligand and amino 

acid residues of zfERβ2 LBD. 
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Fig. 19. Binding modes of RR-THC and tested bisphenols to the zfERβ2. The blue dotted line 

represents the hydrogen bonds, while the green dotted line represents the CH-π bonds. These lines 

indicate the specific interactions between the ligand and amino acid residues of zfERβ2 LBD. 
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Fig. 20. Relationships between S-scores obtained from in silico docking simulation for RR-THC 

and BPs to each of ER subtypes. zfERα vs zfERβ1 (A), zfERα vs zfERβ2 (B), zfERβ1 vs zfERβ2 

(C). 
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Fig. 21. Correlations between interaction energy of ligands to zebrafish ER subtypes and Log 

Kow values of RR-THC and BPs. Rho (r) and P values are from Spearman’s rank correlation tests. 

zfERα (A), zfERβ1 (B), and zfERβ2 (C). 
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Fig. 22. Incidence of pericardial edema and blood flow reduction caused by BPA, BPE, BPF, 

BP C2, Bis-MP, and BPAF. Affected embryos were represented as mean number based on three 

separate experiments. Statistically significant differences in the numbers of affected and unaffected 

embryos between the DMSO and exposure groups were evaluated using Fisher’s exact test for 

pairwise comparisons (** P < 0.01, *** P < 0.001, n = 30).  
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Fig. 23. Incidence of pericardial edema and blood flow reduction caused by BP alone or in 

combination with ICI. Affected embryos were represented as mean number based on five separate 

experiments. Statistically significant differences in the numbers of affected and unaffected embryos 

between BP exposure alone and co-exposure groups were evaluated using Fisher’s exact test for 

pairwise comparisons (* P < 0.05, ** P < 0.01, *** P < 0.001, n = 50).   
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General Discussion 

We measured the dose-response of TES-induced sult2st3 mRNA expression in zebrafish 

embryos of the wild types AB strain and RIKEN strain. Similar to the AB strain zebrafish, the relative 

expression level of sult2st3 at 72 hpf showed quite low induction in the RIKEN strain embryos 

exposed to TES. However, the relative expression level of sult2st3 at 96 and 120 hpf were comparable 

induction in both zebrafish strains. These results indicate that the initiation stage of sult2st3 mRNA 

expression is similar among zebrafish strains, thus the same optimal exposure window can be chosen.  

Several zebrafish studies have demonstrated that exposure to BPA and its analogs disrupts 

normal development and reproductive system function (Cariati et al., 2019; Chen et al., 2016; Pelch 

et al., 2019). Notably, exposure to BPA alternatives such as BPAF and fluorene-9-bisphenol during 

the embryonic stage of zebrafish altered gene expression in spermatogenesis and meiosis, impairing 

gonadal development and reducing fertility in adult fish (Meng et al., 2023). The estrogenic and anti-

androgenic potentials of BPA and its analogs (BPAF, BPB, BPE, and BPF) have been extensively 

investigated across various model systems (Chen et al., 2016). Furthermore, the anti-androgenic 

potential of tested pesticides (i.e., DDE, VIN, LIN, and FEN) has been identified in different systems, 

and their potency order differs among AR species. The variations in experimental conditions and 

endpoint measurements also caused the complex to compare the anti-androgenic potency of BPs. 

However, BPA and its analogs, e.g., BP C2, BPAF, BPE, 2,2′-BPF, BPB, and BPF, showed anti-

androgenic activity in different assay systems even though their potency orders differ. 

The ligand binding modes of the tested compounds to zfAR showed no clear tendency among 

pesticides and BPs. DDE, LIN, and FEN commonly bonded to Arg702, whereas BPA bonded to 

Met692 and Met695. Furthermore, most BPA analogs bonded to Asn655 and/or Gln661, and Bis-MP 
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or BPZ bonded to Met737. However, a larger number of additional cluster compounds need to be 

tested to draw a definitive conclusion.  

The present study observed that antagonist modes of BPs hydrogen-bonded one or two residues 

which differ from the residues involved in their agonist mode, when interacting with zfERβ2. This 

suggests that zfERβ2 could serve as a marker to distinguish the agonistic or antagonistic 

characteristics of compounds. Furthermore, the detection of numerous contaminants in the 

environment, food containers, and other daily products emphasizes the importance of investigating 

their endocrine-disrupting toxicity, highlighting the ongoing significance of this research topic.  
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General Conclusion 

 The present study has established a fast and efficient quantitative assay system utilizing 

developing zebrafish to identify anti-androgens. We validated the ligand-binding affinity of the tested 

compounds using our in silico homology model. Our results indicate that Arg702 plays a key role in 

the binding of tested pesticides to zfAR, while Asn655 and/or Gln661 play important roles in the 

binding of most tested BPs to zfAR. Most of the tested BPs demonstrated both anti-androgenic and 

anti-estrogenic activities in zebrafish. The ligand binding affinity of BPs to ERs may not exhibit 

heterogeneity in terms of interaction energies between agonistic and antagonistic activities, but it does 

show diversity in binding modes. Specifically, in ERβ2, it could serve as a means to identify the 

agonistic and antagonistic activities of BPs. Notably, BPAF exhibited significantly stronger anti-

androgenic potency than BPA. Moreover, BP C2, Bis-MP, and BPAF showed stronger cardiovascular 

toxicity than BPA, BPE, and BPF. The cardiovascular toxicity caused by BPA, BPE, and BPF was 

unlikely to be mediated by ER signaling, but further investigation is needed to confirm the 

involvement of ER in BP C2-, Bis-MP-, and BPAF-induced cardiovascular toxicity. The present 

study highlights the presence of potential risks in BPA-free products. Consequently, most BPA 

alternatives have not been sufficiently studied regarding their endocrine-disrupting and 

developmental toxicities.  
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Abstract 

A significant and varied array of endocrine-disrupting chemicals (EDCs) has been released into 

the environment since World War II (Colborn et al., 1993). EDCs have the capacity to interfere with 

the normal functioning of the endocrine and reproductive systems by mimicking or impeding the 

actions of endogenous hormones. Hence, there is concern regarding the impact of EDCs on 

ecosystems, leading to the conduction of numerous studies from this perspective. Studies have 

reported that exposure to anti-androgens and estrogens are associated with the feminization of wild 

fish. Considering the reproductive toxicity and endocrine system disruption to fish, it is crucial to 

identify environmental chemicals with anti-androgenic potential and to develop sensitive detection 

methods to assess anti-androgenic responses in fish. Although many evaluation systems have been 

established for detecting estrogenic activity of chemicals, few methods have been developed to 

identify anti-androgenic effects using fish species, such as three-spined stickleback (Gasterosteus 

aculeatus), Japanese medaka, and spiggin-gfp medaka. However, these testing methods require longer 

exposure durations and specific maintenance systems. 

The susceptibility of organisms to chemical exposure is high during the earlier developmental 

stage, and chemical exposures during this period can cause irreversible outcomes such as 

malformation. Extensive studies have investigated the developmental effects of chemical exposure, 

but their connection to endocrine-disrupting effects remains unclear. Zebrafish, as a cost-effective 

and high fertility animal model, has been widely used in various research fields, including drug 

screening, gene function analyzing, developmental toxicity measuring, and endocrine-disrupting 

study. In recent years, molecular docking simulations have become essential in structure-based 

computational studies aimed at enhancing our understanding of receptor-ligand interactions at the 

atomic level. In this study, we used in vivo and in silico methods to develop a simple and rapid 
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evaluation system to test anti-androgenic effects, which has been rarely reported so far. This study 

aimed to clarify the anti-androgenic effects of various environmental chemicals using the constructed 

evaluation system. Furthermore, we aimed to clarify the developmental toxicity of each 

environmental chemical and to evaluate the relationship between endocrine disrupting effects and 

developmental toxicity. 

Chapter I established zebrafish-based in vivo and in silico assay systems to evaluate the anti-

androgenic potential of environmental chemicals. Zebrafish embryos were exposed to 17α-

methyltestosterone (TES) alone or in combination with the anti-androgen flutamide (FLU), as well 

as various pesticides known for their anti-androgenic activities, such as p,p′-DDE (DDE), vinclozolin 

(VIN), linuron (LIN), and fenitrothion (FEN). In order to explore the potential correlation between 

anti-androgenic potency and developmental toxicity, this chapter additionally conducted 

morphological assessments.  

The expression of sulfotransferase family 2st3 (sult2st3), was measured as an indicator of anti-

androgenic effects. The expression of sult2st3 mRNA was significantly induced by TES in the later 

developmental stages of embryos. However, the TES-induced expression of sult2st3 was inhibited by 

anti-androgen FLU in a concentration-dependent manner with IC50 of 5.7 μM, suggesting that the 

androgen receptor (AR) plays a role in sult2st3 induction. Similarly, DDE, VIN, and LIN repressed 

the TES-induced expression of sult2st3 with IC50 of 0.35, 3.90, and 52.00 μM, respectively. At the 

highest concentration tested (100 μM), FEN also suppressed sult2st3 expression almost completely, 

although its IC50 could not be calculated. Notably, DDE and LIN did not inhibit sult2st3 induction 

due to higher concentrations of TES; instead, they potentiated TES-induced sult2st3 expression. All 

tested pesticides affected the swim bladder inflation, especially FLU, VIN, LIN, and FEN impaired 

swim bladder inflation in a concentration-dependent manner. FLU, LIN, and FEN caused significant 

mortality at 30 uM, 300 uM, and 100 uM, respectively. LIN and FEN, which had relatively low anti-
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androgenic potentials in terms of sult2st3 inhibition, induced broader toxicities in zebrafish embryos. 

Thus, the relationship between developmental toxicities and anti-androgenic potency was unclear. 

Additionally, an in silico docking simulation showed that all five chemicals interact with the zebrafish 

AR at relatively low interaction energies and with Arg702 as a key amino acid in ligand binding, 

whereas several chemicals classified into other groups (e.g., potassium permanganate, 4-

hydroxytamoxifen, and 20-hydroxyecdysone) have higher interaction energies. This indicates that 

anti-androgenic compounds exhibit a higher stability in bonding with zfAR compared to compounds 

not classified into anti-androgens. 

The in vivo and in vitro anti-androgenic and anti-estrogenic effects of bisphenol A (BPA) have 

been reported. Still, there is limited research on its analogs about these aspects. Therefore, Chapter II 

aimed to measure the anti-androgenic potency of BPA and its various analogs applied the established 

method in Chapter I, and to test their anti-estrogenic potentials both in vivo and in silico. To better 

understand the involvement of estrogen receptor (ER) signaling in the developmental toxicity of BPA 

and its analogs, this chapter also performed morphological assessments of cardiovascular toxicity, 

such as pericardial edema and blood flow reduction. 

For gene expression analysis, zebrafish embryos were exposed to TES or 17β-estradiol (E2) 

alone or in combination with BPA or each of its analogs, such as bisphenol AF (BPAF), bisphenol E 

(BPE), bisphenol F (BPF), bisphenol B (BPB), bisphenol C2 (BP C2), 2,2′-bisphenol F (2,2′-BPF), 

4,4′-(1,3-dimethylbutylidene)diphenol (Bis-MP), bisphenol Z (BPZ), and bisphenol S (BPS), at 72 h 

postfertilization. After 24 h of exposure, all samples were collected to measure the mRNA expression 

levels of sult2st3 and CYP19A1b, which were used to assess the anti-androgenic and estrogenic 

potential of the tested compounds, respectively. To better understand the ligand binding affinity, we 

analyzed the binding mode of bisphenols to the zebrafish AR and estrogen receptor subtypes (ERα, 
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ERβ1, and ERβ2). For morphological assessment, embryos were exposed to BPA or its analogs in 

the presence or absence of ER antagonist fulvestrant (ICI) at 72 hpf and were observed at 96 hpf. 

BPAF, BPE, BPA, BPF, and BPB inhibited the expression of TES-induced sult2st3 with IC50 

values of 0.53, 3.7, 4.7, 12, and 87 μM, respectively. BP C2, 2,2′-BPF, and Bis-MP showed an 

inhibitory effect on TES-induced sult2st3 at the higher tested concentrations. However, BPZ and BPS 

did not exhibit inhibitory effects on TES-induced sult2st3. These results indicate that the anti-

androgenic effect of BPA and its analogs follows this order: BPAF > BPE > BPA > BPF > BPB > 

BP C2 > 2,2′-BPF > Bis-MP >> BPZ ≈ BPS. In AR ligand binding domain, BPA formed a hydrogen 

bond with Met695, while most of analogs hydrogen-bonded to Asn655 and/or Gln661, indicating that 

these amino acid residues are essential for exhibiting anti-androgenic activity of bisphenols. 

Furthermore, BPAF, BPA, BPF, BPB, BP C2, and Bis-MP showed inhibitory effects on E2-induced 

CYP19A1b expression in a concentration-independent manner, indicating their anti-estrogenic effects. 

Compared to our previous study, the binding mode of BPA and its analogs differed between their 

antagonistic and agonistic effects on ER subtypes. Specifically, ERβ2 exhibited completely distinct 

binding modes for bisphenols in the agonistic and antagonistic modes, suggesting the potential role 

of ERβ2 in distinguishing agonistic and antagonistic activities of bisphenols. BP C2, Bis-MP, and 

BPAF showed more potent cardiovascular toxicity, as their lowest observed effect concentrations are 

much lower than those of BPA, BPE, and BPF. The incidence of pericardial edema and blood flow 

reduction induced by BP C2, Bis-MP, and BPAF was large/completely reduced by ICI, whereas this 

effect was not observed with BPA, BPE, and BPF. This suggests that ER signaling may not mediate 

the cardiovascular toxicity induced by BPA, BPE, or BPF. 

In summary, the present study provided the faster and simpler in vivo methods for assessing anti-

androgenic potentials of a wider range of environmental chemicals using zebrafish embryos. The 

majority of tested bisphenols exhibited both anti-androgenic and anti-estrogenic effects, while BPZ 
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and BPS did not demonstrate either. No correlation was observed between the concentration-

dependent effects of anti-androgenic or anti-estrogenic activities and their cardiovascular toxicity. 

Some BPA alternatives, such as BP C2, Bis-MP, and BPAF, showed stronger cardiovascular toxicity 

than BPA, BPE, and BPF. The cardiovascular toxicity caused by BPA, BPE, and BPF may not be 

mediated by ER signaling, but further investigations are needed to confirm the (non)involvement of 

ER in cardiovascular toxicity induced by these bisphenols. Based on our findings, utilizing zebrafish-

based in vivo and in silico assessments appears to be a promising approach for evaluating the anti-

androgenic or anti-estrogenic potentials of environmental chemicals. Careful consideration should be 

given to the toxicities of alternative itself when selecting BPA replacement. 
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要約 

第二次世界大戦以降、多種多様な化学物質が生産・使用され人類に利便性をもたらし

てきた。一方、生産・使用された化学物質が環境中に放出され、中には極微量で生物の内

分泌系を撹乱する作用を示すいわゆる内分泌撹乱物質（環境ホルモン）が含まれているこ

とも明らかにされてきた。とくに、あらゆる環境化学物質の到達点である水圏において、

内分泌撹乱物質の生態系に対する影響が懸念されたため、こうした視点の研究がこれまで

数多く実施されてきた。魚類を用いた研究では、環境化学物質がエストロゲン作用や抗ア

ンドロゲン作用を示し、メス化と関連することが報告されている。したがって、多様な化

学物質についてエストロゲン作用や抗アンドロゲン作用を魚類で評価することは重要であ

る。これまでエストロゲン作用の評価系については多くの報告例があるものの、抗アンド

ロゲン作用の評価系については報告例が少なく、また評価にかかる時間やコストなどの面

で課題もあった。 

一般に化学物質に対する感受性は発達期で高く、その時期における曝露は奇形等の不

可逆的かつ重大な影響を引き起こす。これまでに化学物質の発達期での影響を調べた研究

は多いが、内分泌撹乱作用との関連性については不明な点が多い。 
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本研究では、環境毒性学研究ですでに重要な地位を築いているゼブラフィッシュをモ

デルとして、インビボ試験およびインシリコ手法を用いて、これまでに報告例の少ない抗

アンドロゲン作用の簡便迅速な評価系を構築すること、ならびに構築した評価系を用いて

多様な環境化学物質の抗アンドロゲン作用を明らかにすることを目的とした。さらに、各

環境化学物質の発生毒性を明らかにするとともに、抗アンドロゲン作用と発生毒性の関連

性について評価することも目的とした。 

第Ⅰ章では、抗アンドロゲン作用の評価系の構築について検討した。まずインビボ試

験では、アンドロゲン活性のマーカー遺伝子として知られる sulfotransferase 2st3（sult2st3）

を指標として、テストステロン（TES）誘導性の sult2st3発現に対する化学物質の抑制能を

評価した。このため、受精後 72 時間のゼブラフィッシュ胚にメチルテストステロンなら

びにこれまで抗アンドロゲン作用が報告されているフルタミド（FUL）と 4 種の農薬

（p,p'-DDE（DDE）、ビンクロゾリン（VIN）、リニュロン（LIN）、フェニトロチオン

（FEN））をそれぞれ共曝露した。受精後 96時間で発生毒性を評価した後、曝露胚を採材

した。採材した曝露胚は、全 RNA 抽出をした後、cDNA 合成を行い、リアルタイム PCR

法で sult2st3 の発現量を測定した。曝露試験の結果、TES 誘導性の sult2st3 発現量は抗アン

ドロゲン剤 FLU によって濃度依存的に抑制され、その用量効果（IC50）は 5.7 µM であっ

た。したがって、TES による sult2st3 発現誘導にはアンドロゲン受容体（AR）が関与して
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いると考えられた。同様に、DDE、VIN、LINについても、それぞれ TES誘導性の sult2st3

発現量は濃度依存的に抑制され、IC50はそれぞれ、0.35μM、3.9μM、52μM であった。FEN

については、本曝露試験の最高濃度である 100µM でのみ、TES 誘導性の sult2st3 発現の抑

制が認められた。また、TES 誘導性の sult2st3 発現の抑制に関する用量効果が相対的に低

かった FEN と LIN において、高濃度側で循環障害や浮袋の膨張不全など様々な発生毒性

が認められた。これらの結果より、発生毒性と抗アンドロゲン作用の間に明瞭な相関性は

認められなかった。 

次いで、インシリコ解析では、ヒト AR と水酸化フルタミド（hydroxyflutamide）の結

晶構造をテンプレートとして、ホモロジーモデリングによりゼブラフィッシュ AR（zfAR）

の 3 次元構造を構築した。構築した zfAR と、上記のインビボ試験で抗アンドロゲン作用

を評価した化合物についてドッキングシミュレーションを行い、リガンド結合に重要な役

割を果たしているアミノ酸を推定するとともに、相互作用エネルギーを算出した。インシ

リコ解析の結果、FUL、DDE、VIN、LIN、FEN の 5 化合物は、いずれも zfAR のリガンド

結合ポケットに位置する Arg702 と水素結合を形成し、その相互作用エネルギーは抗アン

ドロゲン作用をもたない他の化合物群と比べて相対的に低い値をもつことが示された。以

上より、インビボ試験で抗アンドロゲン作用を示した化合物は、他の化合物群と比べて

zfARとより安定的に結合することが示唆された。 
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第 II 章では、第Ⅰ章で構築した抗アンドロゲン作用のインビボ・インシリコ評価系を

用いて、ビスフェノール A（BPA）とその関連化合物（ビスフェノール類）の抗アンドロ

ゲン作用を評価した。加えて、エストロゲン受容体（ER）の標的遺伝子である CYP19A1b

を指標として、17β-エストラジオール（E2）誘導性のCYP19A1b発現に対する各ビスフェ

ノール類の抑制能（抗エストロゲン作用）を評価した。このためインビボ試験では、受精

後 72時間のゼブラフィッシュ胚に TESまたは E2と、各ビスフェノール類をそれぞれ共曝

露した。いずれも受精後 96 時間で曝露胚を採材し、全 RNA 抽出をした後、cDNA 合成を

行い、リアルタイム PCR 法で sult2st3 または CYP19A1b の発現量を測定した。さらに、

BPA および一部のビスフェノール類（BPE、BPF、BP C2、Bis-MP、BPAF）については、

同様に曝露試験を行い、心臓周囲浮腫や体幹血流の低下を評価した。また、ER 拮抗薬で

あるフルベストラント（ICI）との共曝露試験を行い、ビスフェノール類の発生毒性に対

する ERの関与を検討した。 

抗アンドロゲン作用に関する曝露試験の結果、TES 誘導性の sult2st3 発現量は多くの

ビスフェノール類によって濃度依存的に抑制され、その用量効果（ IC50）は BPAF

（0.53μM）、BPE（3.7μM）、BPA（4.7μM）、BPF（12μM）、およびBPB（87 μM）の順

であった。また、BP C2、2,2′-BPF、および Bis-MP は、試験した最高濃度でのみ TES誘導

性の sult2st3 発現を抑制した。一方、BPZ および BPS は TES 誘導性の sult2st3 発現を抑制
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しなかった。次いで、インシリコ解析では、BPA は zfAR のリガンド結合ポケットに位置

する Met695 と水素結合を形成し、その他のビスフェノール類の多くは Asn655 もしくは

Gln661と水素結合を形成した。したがって、これらアミノ酸残基がビスフェノール類の抗

アンドロゲン作用で重要な役割を担うと推察された。 

抗エストロゲン作用に関する曝露試験の結果、E2誘導性の CYP19A1b発現は、試験し

た高濃度のBPAF、BPA、BPF、BPB、BP C2、およびBis-MPによって抑制されたものの、

明瞭な濃度依存性は認められなかった。したがって、これらビスフェノール類は、用量効

果は低いものの抗エストロゲン作用を有することが示唆された。次いで、インシリコ解析

では、多くのビスフェノール類は各 ER サブタイプ（zfERα、zfERβ1、zfERβ2）のリガン

ド結合ポケットに位置するアミノ酸残基と水素結合を形成した。さらに、本研究で明らか

にした ER アンタゴニスト作用に関する結合モードは、当研究グループのこれまでの研究

で明らかにした ER アゴニスト作用に関する結合モードと異なることが示された。とくに、

ERβ2 ではアゴニスト作用とアンタゴニスト作用でまったく異なる結合モードを示したこ

とから、ERβ2 がビスフェノールのアゴニスト作用とアンタゴニスト作用を区別する重要

な役割をもつことが示唆された。 

ビスフェノール類の曝露胚における心血管毒性の評価では、試験したいずれのビスフ

ェノール類（BPA、BPE、BPF、BP C2、Bis-MP、BPAF）についても、心臓周囲浮腫や体
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幹血流の低下が認められた。その用量効果は、BP C2、Bis-MP、および BPAF で高く、逆

に BPA、BPE、および BPF では低かった。また、BP C2、Bis-MP、および BPAF で誘発さ

れた心臓周囲浮腫および体幹血流の低下は ICI によって大幅に改善したが、同様の改善効

果は BPA、BPE、および BPF 誘発性の心血管毒性では観察されなかった。したがって、

BPA、BPE、BPF誘発性の心血管毒性は ERシグナル介在性ではないと考えられた。 

以上の結果より、多くのビスフェノール類は、抗アンドロゲン作用と抗エストロゲン

作用の両方を有することが明らかとなった。一方、試験したビスフェノール類では、抗ア

ンドロゲン作用や抗エストロゲン作用の用量効果と心血管毒性の用量効果の間に相関関係

は認められなかったことから、ビスフェノール類誘発性の心血管毒性は ER や AR 介在性

ではないと推察された。一方で、BPA よりも抗アンドロゲン作用、抗エストロゲン作用、

心血管毒性のいずれも高いビスフェノール類が複数あることが明らかとなったことから、

構造的に類似の代替物質を利用する際にはそれらの毒性を明らかにする必要があると考え

られた。 
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